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ii. Abstract and résumé

Phthalates are compounds used in a variety of polymers to increase their
flexibility and are now ubiquitous in the environment. As few studies have
focussed on the adverse effects of these chemicals in aquatic species, this project
aimed at elucidating the effects of phthalates in amphibians. Western clawed frog
(Silurana tropicalis) tadpoles were acutely exposed to water spiked with
monomethyl (MMP), dimethyl (DMP) and dicyclohexyl (DCHP) phthalates. DMP
and DCHP were found to be embryotoxic; mortality, malformations and
developmental delay were induced in treated larvae. In juvenile frogs, chronic
exposures to MMP led to increased mortality, accelerated metamorphosis and more
recurrent male phenotypes. However, MMP did not have considerable adverse
health effects in tadpoles nor adult frogs. Moreover, analysing the expression of
selected genes increased our understanding of the mechanism of phthalates. This is
the first study to thoroughly investigate the effects of phthalates in the entire
amphibian life cycle (egg to adult stage). These assays provided valuable data that
will help better assess and manage the risks brought on by the production and the
use of phthalates in the Canadian environment.

Les phthalates sont des composés utilisés dans une variété de polymeéres
afin d’accroitre leur flexibilité et sont maintenant omniprésents dans
I’environnement. Comme peu d’études ont caractérisé les effets de ces produits
chimiques chez les especes aquatiques, ce projet avait pour but d’¢élucider les effets
des phthalates chez les amphibiens. Des tétards du Xénope tropical (Silurana
tropicalis) ont été exposés a de I’eau contaminée avec du phthalate
monomeéthylique, du phthalate diméthylique et du phthalate dicyclohexylique. Les
phthalates diméthylique et dicyclohexylique se sont révélés embryotoxiques; les
composés ont induit de la mortalité, des malformations et des délais de
développement chez les larves. Chez les grenouilles juvéniles, les expositions
chroniques au phthalate monométhylique ont mené a de la mortalité, a
I’accélération de la métamorphose et a des phénotypes masculins plus fréquents.
Le phthalate monométhylique, par contre, n’avait pas d’effets considérables chez
les tétards ni chez les grenouilles adultes. De plus, I’analyse de 1’expression d’une
série de génes a accru notre compréhension du méchanisme d’action des
phthalates. Cette étude est la premiére a enquéter de maniére approfondie les effets
des phthalates sur I'ensemble du cycle de vie des amphibiens (ceuf a adulte). Ces
expériences ont fourni de précieuses données qui aideront a mieux évaluer et gérer
les risques associés a la production et I'utilisation des phthalates dans
I'environnement canadien.
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Chapter 1

Introduction and literature review
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1.1 Introduction

Versatility, robustness and low cost render plastics the material of choice
for many applications. Polymers that are not processable or useful in their natural
form are mixed with plastic additives. This broad category of chemicals includes
flame retardants, surfactants, blowing agents and plasticisers, among others.
Plasticisers are the most common plastic additives and provide polymers with
flexibility by lowering the glass transition temperature (Daniels, 2009). However,
plasticisers are often not covalently bound to the polymer and thus slowly diffuse
and evaporate out of the material (Munksgaard, 2004; Nara et al., 2009; Demir and
Ulutan, 2013). Consumers typically use plastic items only once before disposing of
them. The alarming amount of waste and the plasticisers’ ability to leach out of
polymers lead to environment contamination (Fromme et al., 2002). Plasticisers are
ubiquitous and numerous studies have confirmed the presence of plasticisers and
their metabolites in air, soil, water and animal and human body fluids (Horn et al.,
2004). Furthermore, several studies have shown that these compounds have toxic
effects at all levels of organisation in mammals. This chapter reviews the literature
on the adverse effects of plasticisers in mammals and aquatic species.
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1.2 Literature review

Today’s large number of plastic applications has called for a greater variety
of plasticisers. Bisphenol A (BPA) and phthalates are the most important
plasticisers. A multitude of studies provided evidence for the detrimental effects of
plasticisers on the regulation and function of many axes. The following sections
present the pathways of entry of the main plasticisers in the environment and
discuss their sublethal effects on the thyroid hormone (TH), sex steroid and stress
axes in vertebrates and invertebrates. Lethal effects are also reviewed. A particular
focus is given to amphibian literature. In addition, new research directions were
identified.

1.2.1 Plasticiser uses and pathways of entry in the environment

BPA is a highly produced plastic monomer and plasticiser. About
1,150,000 metric tons were produced in the Europe Union in 2005-2006 (reviewed
in Oehlmann et al., 2008). BPA has good cross-linking properties hence it is a
plasticiser of choice (Alonso-Magdalena et al., 2006). Unbound monomers remain
after polymerisation and can be released (Brotons et al., 1995). The temperature
(Tan and Mustafa, 2003), pH (Xu et al., 2011) and fat content (Lopéz-Cervantes
and Paseiro-Losada, 2003) of compounds in contact with plasticised polyvinyl
chloride modulate the leaching. BPA has been shown to leach from dental sealants
(Olea et al., 1996), tin cans (Brotons et al., 1995) and food contact items (Biles et
al., 1997; reviewed in Vandenberg et al., 2007; Fasano et al., 2012). These
exposure pathways lead to the detection of BPA in adult and fetal serum (reviewed
in Vandenberg et al., 2007), urine (Calafat et al., 2005; Hauser et al., 2007), breast
milk (Sun et al., 2004) and adipose tissue (Fernandez et al., 2007). All uptaken
BPA is immediately metabolised into inactive metabolites and excreted in urine.
The environment is exposed via disposal or recycling of products containing BPA.
The amount of BPA leaching from plastic wastes can be as high as 139 mg/kg
(Yamamoto and Yasuhara, 1999). Sewage and plastic leachate then lead to surface
water and sediment contamination (Fromme et al., 2002). A few days are necessary
for BPA to degrade in aerobic environments, whereas BPA does not degrade in
anaerobic environments (reviewed in Rykowska and Wasiak, 2006; and in Staples
etal., 1998).
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Phthalates are certainly the most important type of plasticisers. Phthalates
have been used in polyvinyl chloride since 1926 (Oehlmann et al., 2009) to render
it flexible, pliable and elastic, but are now used in many other plastic types and in
higher concentrations. Phthalate diesters all have a central ring and two esters in
common (Fig. 1.1). Ortho-phthalates have the esters on consecutive carbons and
are the most abundant isomers; therefore the prefix ortho is generally not used. Iso-
phthalates have their R groups in position 1 and 3, while tere-phthalates exhibit
chains on opposite carbons. As with BPA, phthalates are not irreversibly bound to
the matrix and therefore diffuse and evaporate out of the polymer. Food (Bradley et
al., 2013), food packaging (Cao, 2010; Fasano et al., 2012), alcoholic beverages
(Leitz et al., 2009), PVC flooring (Carlstedt et al., 2012), cosmetics/personal care
products (Shen et al., 2007; Sathyanarayana et al., 2008), blood/intravenous
solution storage bags (Kim et al., 1976; Monfort et al., 2012; Strac et al, 2013) and
medicinal products/dietary supplements (Hernandez-Diaz et al., 2009; Kelley et al.,
2012) expose humans to phthalates. Phthalates are also indoor pollutants and are
found in the air and dust (Otake et al., 2004; reviewed in Weschler and Nazaroff,
2008). Alkyl chains in the esters can vary greatly, affecting the properties of the
phthalate. Longer chains equate higher molecular weights, which correlates to
better plasticiser retention and slower migration rates. This explains the current
trend towards replacing di-(2-ethylhexyl) phthalate (DEHP) by diisononyl
phthalate (DINP; Koch et al., 2007). After being uptaken, ortho-phthalate diesters
are rapidly degraded to phthalate monoesters (Fig. 1.1) and are then excreted in
urine and body fluids. Monoesters harbor one ester and one carboxylic acid on the
aromatic ring. Metabolites are used for biomonitoring and epidemiological studies
(Blount et al., 2000; Huang et al., 2007; Koch et al., 2007; Mazzeo et al., 2007,
Aylward et al., 2009; reviewed in Wittassek et al., 2011; Mieritz et al., 2012).
Wastewater treatment plants do not effectively remove plasticisers from the
influent, meaning that contaminated urine and other influents represent a
significant source of phthalates and their metabolites in the environment (Soliman
et al., 2007; Barnabé et al., 2008; Clara et al., 2010; Kusk et al., 2011). Considering
phthalates’ ability to migrate from plastics, their widespread manufacture and their
high concentration in plastics, disposal of plastics is a major source of
contamination via landfill leachate (Zheng et al., 2007). This results in phthalates
being ubiquitous in the environment (Michael et al., 1984; Suzuki et al., 2001;
Fromme et al., 2002; Teil et al., 2007; Blair et al., 2009). For example, DEHP can
be found in river sediment at levels as high as 110 mg/L (Horn et al., 2004). In
presence of microbes, phthalates have half-lives ranging from a few hours to a few
months in surface water, marine water and soil (reviewed in Staples et al., 1997b).
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Molecular structure affects the toxicity of phthalates. On top of playing a
role in plasticiser retention, alkyl chain length appears to influence the severity of
the adverse health effects. Aromatic ring substitution also plays a role in adverse
health effect. Iso-phthalates usually have biological effects similar to their ortho
isomer. On the other hand, many studies concluded that tere-phthalates are less
toxic than their ortho counterparts (Barber and Topping, 1995; Faber et al., 2007a;
Deyo, 2008; Wirnitzer et al., 2011). In addition, toxicity seems to be impacted by
plasticiser metabolisation. Monoesters are thought to be the active metabolites
inducing the toxicity observed in diester studies (Gray et al., 2000; Saillenfait et al.,
2001; Ema, 2002; Shen et al., 2011). In rodents, secondary-step metabolites are
suspected to be even more toxic than the parent compounds or the primary
metabolites (Latini, 2005).
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FIGURE 1.1 Biological degradation of phthalates. Ortho-phthalate diesters (A)
have an aromatic ring and two esters on adjacent carbons. Diesters are metabolised
into phthalate monoesters (B) and alcohol (C). Further degradation yields phthalic
acid (D) and alcohol (E). The resulting alcohols are of added concern due to their
high volatility. For most ortho-phthalates, the degradation is incomplete and results
in a mixture of monoesters, alcohols and phthalic acid. Adapted from Horn et al.,
(2004) and Liang et al. (2008).

17



1.2.2 PPARs as central mechanisms of action

Peroxisome proliferator-activated receptors (PPARS) play a role in fatty
acid oxidation and adipose tissue atrophy (Hurst and Waxman, 2003). Studies
have shown that BPA and phthalates can affect the expression of PPARs (Fig. 1.2).
An in vitro study conducted by Phrakonkham et al. (2008) demonstrated that
mouse embryo fibroblasts exposed to 18 mg/L BPA for two days resulted in
increased ppary2 expression. Likewise, ppara and ppary transcripts were increased
in DEHP treated rats (Xu et al., 2010). Mono-(2-ethylhexyl) phthalate (MEHP)
increased the expression of ppara and pparf, but reduced the expression of ppary
in human liposarcoma cells (Campioli et al., 2011). Additionally, MEHP
upregulated PPARYy target genes in 3T3-L1 cells (Feige et al., 2007). On top of
disrupting ppar mRNA levels, phthalates can affect their protein expression (Lee et
al., 2007; Xu et al., 2010) and can activate them (reviewed in Lapinskas et al.,
2005; and in Rusyn et al., 2006). The a isoform was found to be activated by
metabolites such as MMP, MEHP, monobenzyl phthalate (MBzP), mono-sec-butyl
phthalate and 2-ethylhexanoic acid, albeit PPARa was not activated by DEHP
(Maloney and Waxman, 1999; Hurst and Waxman, 2003). Similarly, DEHP did not
activate PPARy, whereas monoesters including MEHP, MBzP and mono-sec-butyl
phthalate activated mouse, human and 3T3-L1 preadipocytes PPARy (Maloney and
Waxman, 1999; Hurst and Waxman, 2003; Feige et al., 2007). Since monoesters
and alcohols can activate PPARs, it appears as if metabolites are the active
ingredients in diesters. In low molecular weight phthalates, diester hydrolysis
occurs rapidly. Phthalates harboring long alkyl chains such as DEHP are
hydrolysed slowly and are therefore less potent than the corresponding monoesters
(Gray et al., 1983; Maloney and Waxman, 1999).

PPARs can form heterodimers with the retinoid X receptor (RXR) and
function as metabolic ligand sensors for lipophilic hormones, fatty acids and their
metabolites. The heterodimers also play a transcription regulation role by binding
and transactivating peroxisome proliferator response elements located in the 5’
regulatory region of peroxisome proliferator-activated genes (Hurst and Waxman,
2003). Therefore, altering PPARS transcript levels, protein expression or activation
can lead to disrupted transcription of PPAR-mediated genes. When the expression
of fatty acid metabolism-related genes is altered, for example, peroxisome
proliferation takes place (Schoonjans et al., 1996). Although phthalates were
shown to affect PPARs, as mentioned in the previous paragraph, DEHP and DINP
were found not to induce peroxisome proliferation in mammals (Lington et al.,
1997; Kurata et al., 1998). Molecular structure plays a role in peroxisome
proliferation. Alcohols, a product of diester hydrolysis, induced very little
peroxisomal response (Gray et al., 1983; Maloney and Waxman, 1999). Contrarily,
a study by Keith et al. (1992) showed that 2-ethylhexanol was a peroxisome
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proliferator. Di(2-ethyhexyl) terephthalate was shown not to induce proliferation in
rats (Topping et al., 1987; Barber and Topping, 1995), possibly because
metabolisation does not lead to the formation of monoesters (Topping et al., 1987).
Dimethyl terephthalate, dibutyl terephthalate and di-(2-ethylhexyl) terephtalate can
be completely hydrolysed, yielding two moles of alcohol per mole of phthalate
diester. Ortho-phthalates are not completely hydrolysed when metabolised, which
could explain the difference in toxicity (Faber et al., 2007b; Wirnitzer et al., 2011).
In addition, branched phthalates were shown to be more potent peroxisome
proliferators than their straight chain analogs (Gray et al., 1983; Mann et al., 1985).
In sum, metabolisation, alkyl chain length, ring substitution and branching of the
alkyl chain affect the ability of a phthalate to induce peroxisome proliferation.

PPARSs’ transcription factor function is believed to be the main mechanism
of action (MOA) behind plasticiser-induced transcriptional changes (Gazouli et al.,
2002), reproductive organ toxicity (Hurst and Waxman, 2003, reviewed in Latini et
al., 2008), oxidative stress (Lee et al., 2007) and mortality (Abbott et al., 2007).
Although a lot of research effort has been focused on PPARs, it is important to
continue to characterise the molecular, cellular and organismal effects of
phthalates, along with other possible MOAs. Sublethal and lethal effects of
plasticisers are presented in the following sections.
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1.2.3 Development impairment via the thyroid and growth hormone axes

Since cellular responses to stress can first be detected with transcriptional
changes, it is important to review the effects of BPA and phthalates on gene
expression. One of the axes disrupted by plasticisers is the TH system. The latter
plays a crucial role in the regulation of development, metabolism, heart function
and psychoneurological wellbeing (Hofmann et al., 2009). Thyrotropin-releasing
hormone is first released by the hypothalamus. Thyrotropin-releasing hormone,
along with circulating concentrations of triiodothyronine (T3) and thyroxine (T4),
control the rate of thyroid-stimulating hormone (TSH) release in the pituitary
gland. In turn, TSH induces the synthesis of T4 in the thyroid gland. Deiodinases
(diol, 2 and 3) can convert T4 to T3 or reverse T3. Reverse T3 and T3 are then
transformed into 3,3’-diiodothyronine (T2; Stoker at al., 2004). The physiological
effects of T3 and T4 are mediated through the binding to nuclear thyroid hormone
receptors alpha and beta (TRs; TRo and TRp; Flood et al., 2013). Theoretically,
TH homeostasis can be disrupted at several points of the pathway, but
contaminants have been shown to act primarily by producing hypothryroidism.
This could involve inhibition of iodide uptake, inhibition of T4 synthesis,
upregulation or downregulation of deiodinases or increased T4 catabolism (Degitz
et al., 2005).

BPA has been shown to disrupt the expression of TH-related genes in
mammals and aquatic species. BPA downregulated the expression of most T3-
response genes in the African clawed frog (Heimeier et al., 2009). Likewise,
Iwamuro et al. (2006) showed that BPA decreased the gene expression of trs and
rxry in African clawed frog tail culture. RXR is necessary for the formation of
heterodimers with TRs and for transcription regulation. The authors suggested that
BPA can bind to TR (lwamuro et al., 2003). Interestingly, BPA was shown to be a
weak ligand for Sprague Dawley rat liver TR, but could not activate it (Moriyama
et al., 2002). Similarly, Kitamura and collaborators (2002 and 2005a) showed that
BPA did not inhibit the binding of T3 to TR in rat pituitary cell lines. The binding
of BPA to TRs is reviewed by Zoeller (2005). Despite BPA’s weak binding to TR,
the plasticiser is a potent inhibitor of T3 binding to human TH-binding proteins
(Ishihara et al., 2003). In addition, clear TH-related effects have been observed at
the individual level. The aforementioned effects of BPA at the transcriptional level
affected metamorphosis in treated tadpoles. BPA hindered the T3-induced
intestinal remodeling (Heimeier et al., 2009), blocked the T3-dependent resorption
of the tail and shortened the interocular distance (Ilwamuro et al., 2003; Imaoka et
al., 2007). Similarly, treated African clawed frogs were one or two developmental
stages behind control animals (lwamuro et al., 2003) and exhibited shorter body
length at 4.6 mg/L (Sone et al., 2004). Likewise, tail length, total length and body
weight were all reduced in Japanese medaka and swordtail fish chronically treated
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with BPA concentrations as low as 2 pug/L (Yokota et al., 2000; Kwak et al., 2001).
Sheep exposed to BPA prenatally also had a lower birth weight (Savabieasfahani et
al., 2006). A contradictory result was obtained in a chronic study exposing the New
Zealand mudsnail to 5 pg/L BPA; the plasticiser increased the mean shell height
(Jobling et al., 2003). In addition, BPA delayed hatching, yolk absorption and first
feeding by about seven days in juvenile rainbow trout. The authors suggested that
this result was attributable to an increase in vitellogenin (vtg) mRNA and a
decrease in growth hormone (GH)-related gene expression. A shift in energy
allocation from somatic growth to vitellogenesis was also suggested (Aluru et al.,
2010). Delayed hatching was observed in zebrafish experiments as well (Duan et
al., 2008). Altogether, BPA was shown to delay development and to reduce
offspring weight and size in a range of species by affecting the transcription of TH
and GH-related genes.

Similarly to BPA, three phthalates were shown to disrupt the expression
TH-related genes in amphibians (Fig. 1.3). Benzyl butyl phthalate (BzBP) impeded
the T3-induced increase in #f transcript and therefore exhibited T3-antagonist
activity in African clawed frog tadpoles (Sugiyama et al., 2005). Dibutyl phthalate
(DBP) and its metabolite monobutyl phthalate (MBP) disrupted the expression of
four genes at concentrations as low as 2 mg/L in African clawed frogs; 4 and rxry
transcripts were both decreased, while zsha and tshfs were upregulated (Shen et al.,
2011). Likewise, the testicular expression of tral was upregulated in rats treated
with DBP (Lee et al., 2007). Invertebrate endocrine systems are drastically
different from those of vertebrates. Ecdysone is a steroid hormone controling the
development, moutling and metamorphosis of insects. The ecdysone receptor
belongs to the superfamily of nuclear hormone receptor which includes TRs,
among others. In chironomid larvae, 0.1 mg/L BzBP increased the expression of
the ecdysone receptor, while 100 mg/L DEHP decreased it (Planelld et al., 2011).
A mammalian two-hybrid assay by Shen et al. (2011) shed light on a possible
MOA. DBP and particularly its metabolite MBP enhanced the interactions between
TR and the co-repressor Silencing Mediator of Retinoic Acid and Thyroid
Hormone Receptor (SMRT) in a dose-dependent manner. SMRT is a
transcriptional coregulatory protein that represses transcription pathways.
Therefore, DBP and MBP could impair the TH system by suppressing TH-related
transcripts (Shen et al., 2011).

On top of their effects at the transcriptional level, phthalates were shown to
affect the TH system at the translational level. In female rats for example, exposure
to DEHP for 14 days yielded an increase in serum T3 and T4 (Gayathri et al.,
2004). Moreover, BzBP was shown to potentiate the T3-induced proliferation of rat
pituitary GH3 cells (Ghisari and Bonefeld-Jorgensen, 2009). Hyperactivity of the
thyroid gland has been suggested as a MOA (Gayathri et al., 2004). Indeed,
Wenzel and collaborators (2005) used a rat cell culture to demonstrate that
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phthalates increased iodide intake by increasing the activity of the sodium/iodide
symporter. Although iodide is necessary for THs synthesis, phthalate exposure
does not necessarily lead to increases in TH production. In men for example,
urinary phthalate diester and monoester levels were inversely associated with
serum T4 and T3 (Huang et al., 2007; Meeker et al., 2007). These results are in
agreement with studies conducted with the African clawed frog; BzBP exhibited
T3-antagonist activity in vivo and DCHP, BzBP and DBP displayed T3-antagonist
activity in a T3-dependent luciferase assay (Sugiyama et al., 2005). The latter
could be due to a displacement of T3 from the TR; DEHP is a potent inhibitor for
bullfrog TR ligand-binding domain and was deemed to be four orders of magnitude
less potent than T3 (Ishihara et al., 2003). DEHP also decreased the proteic
expression of TRal in rats (Lee et al., 2009). These effects on the TH axis have
repercussions at the individual level. Phthalates affected rodent development and
their potency depended on the length of the alkyl chains. Short (methyl and ethyl)
and long (octyl, nonyl, decyl) phthalates had low or no developmental toxicity in
rodents. Contrarily, medium weight phthalates such as DIBP decreased body
weight in both pregnant rats and pups (Field et al., 1993; Saillenfait et al., 2006).
On the other hand, numerous studies have provided evidence for short, medium
and long chained phthalates deleterious effects on aquatic animals’ development.
DEHP delayed the hatching time of Japanese medaka embryos (Chikae et al.,
2004a). DEHP also had detrimental effects on zebrafish oocyte maturation. The
authors advanced that this was due to an increase in the protein expression of bone
morphogenetic protein 15 (bmp15), leading to a decrease in luteinizing hormone
receptor (lhr) and membrane progesterone receptors (mpr) gene expression
(Carnevali et al., 2010). Additionally, Zhou et al. (2011a) exposed abalone
embryos to DMP, DBP, DEHP, diethyl phthalate (DEP) and dioctyl phthalate
(DNOP) and noted that metamorphosis was suppressed in the 0.2 to 2 mg/L range.
Two experiments conducted in African clawed frog are in accordance with these
results; phthalates and their metabolites decelerated metamorphosis in tadpoles
(Dumpert and Zietz, 1984; Shen et al., 2011). DBP and MBP also significantly
reduced the interocular distance and whole body length in African clawed frog
tadpoles in subchronic exposures (Lee et al., 2005; Shen et al., 2011). An
interlaboratory study exposed African clawed frog tadpoles to phthalic acid for 96
hour and determined that the minimal concentration to inhibit growth (MCIG) was
8,310 mg/L (Bantle et al., 1999), suggesting that this secondary metabolite is not as
potent as mono and diesters. In sum, intermediate weight phthalates suppressed
development in rodents, while all alkyl chain lengths affected mollusc, fish and
amphibian development.

Development is also regulated by the GH axis. Studies documenting the
effects of plasticiser on this system are scarce. Aluru et al. (2010) showed that BPA
disrupted the expression of six genes involved in the endocrine regulation of
growth and development in juvenile rainbow trout; both insulin-like growth factor
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1 and 2 (igf-1 and 2), their receptor IGF-1 receptor alpha and beta (igf-/ra and f)
and both growth hormone receptors 1 and 2 (ghrl and 2) were downregulated by
BPA. Contrarily, genes of the insulin-like growth factor family were upregulated in
Wolffian ducts of rats exposed to DBP. Both igf-1 and igf-2, igf-1r and insulin-like
growth factor binding protein 5 (igfbp-5) mMRNA abundance was increased. The
expression of other growth regulator genes such as bone morphogenetic protein 4
(bmp4), fibroblast growth factor 10 (fgf10) and fibroblast growth factor receptor 2
(fgfr2) was increased as well (Bowman et al., 2005). Clear MOAs for plasticisers’
effects on the GH axis have yet to be elucidated. In sum, plasticisers impede with
development by disrupting the expression of TH and GH-related genes, by binding
to TRs, by influencing THs levels and by enhancing the interactions between TR
and a co-repressor. Since plasticisers affect the TH axis, and providing that
crosstalk between the TH and the androgen axes has been demonstrated (Flood et
al., 2013), it is not surprising that plasticisers also affect sex steroids.

1.2.4 Reproduction alterations mediated by estrogen receptors, aromatase and
testosterone

BPA’s deleterious effect on the sex steroid axis are thoroughly
characterised, including at the transcriptional level. BPA has been shown to affect
MRNA levels of genes coding for receptors and enzymes, among others. A 2 pg/kg
body weight dose increased the expression of both estrogen receptors in newborn
mice (ers; ero. and erf; Kawai et al., 2007), whereas only erff was upregulated in
other rodent studies (Akingbemi et al., 2004b; Phrakonkham et al., 2008). A
concentration of 0.23 mg/L upregulated er mRNA in African clawed frog tadpoles
exposed for two weeks (Levy et al., 2004). Olea et al. (1996) showed that BPA
increased the expression of another receptor, mpr, in vitro in MCF7 human breast
cancer cells. BPA also disrupted the expression of vtg, the gene coding for a
precursor protein of egg yolk essential in ovary growth and oocyte production. The
expression of vtg was increased in treated primary cultured hepatocytes of male
African clawed frog and swordtail fish (Kloas et al.,1999; Kwak et al., 2001).
Likewise, rainbow trout exposure to 30 mg/L BPA as oocytes increased vtg
transcript level in their adult life (Aluru et al., 2010). Finally, aromatase (cypl19)
was downregulated in rat Leydig cells treated with 2.28 ng/L BPA (Akingbemi et
al., 2004b). This enzyme is crucial in the biosynthesis of estrogens from androgens.
On top of its effects at the transcriptional level, BPA has estrogenic effects in
yeast, rodents and human cell lines. BPA increased [3-galactosidase activity in a
yeast two-hybrid assay, showing the estrogenicity of the plasticiser (lke et al.,
2002). Mice exposed to BPA during gestation displayed more ERa and ERp in the
brain (Kawai et al., 2007). In addition, BPA can bind to both human ERa and ER]
(Brotons et al., 1995; Olea et al.,1996; Kuiper et al., 1998; Stroheker et al., 2004;

23



Kitamura et al., 2005b). The chemical can also bind to the three zebrafish ERs
(Gibert et al., 2011), the African clawed frog ERs (Lutz and Kloas, 1999; Suzuki et
al., 2004) and the giant ramshorn snail’s estradiol (E2) and testosterone (T) binding
sites, which resemble receptors (Oehlmann et al., 2006). In H295R human
adrenocortical carcinoma cells, BPA increased progesterone, estrone (E1) and E2
concentrations. Similarly, E2 levels were increased in treated mouse urogenital
sinuses (Arase et al., 2011). Contrarily, rats exposed to BPA experienced E2 levels
reduction due to an inhibition of CYP19 activity (Akingbemi et al., 2004b).
Finally, this plasticiser induced VTG production in zebrafish (reviewed in Segner
et al., 2003), fathead minnows (Sohoni et al., 2001), rainbow trout (Christiansen et
al., 1998) and African clawed frog (Nomura et al., 2006). In addition to its effects
on the female reproductive axis, BPA exhibits antiandrogenic properties. BPA
decreased luciferase induction by dihydrotestosterone (DHT) in MCF-7 cells,
meaning it displays anti-androgenic activity (Stroheker et al., 2004) and inhibited
the production of androstenedione and T in H295R cells (Zhang et al., 2011). A
reduction in T synthesis was also observed in rats fed BPA, which was possibly
due to the decreased protein expression of cytochrome P450c17 (CYP17Al), an
important steroidogenic enzyme (Akingbemi et al., 2004b). BPA also successfully
inhibited the activity of DHT in mouse fibroblast cell line NIH3T3 Kitamura et al.
(2005b), repressed the action of DHT in a yeast-based assay (Sohoni and Sumpter,
1998) and inhibited the binding of DHT to the androgen receptor (AR) in yeast
(Lee et al., 2003). Salian et al. (2009) has shown that perinatal exposure of male
rats to BPA reduced the protein expression of steroid receptor coactivator-1 (SRC-
1) and nuclear corepressor (NCoR). Since these testicular steroid receptor
coregulators can either activate or repress gene expression, they have a major
impact on the regulation of the reproductive axis. In sum, BPA is mostly estrogenic
and antiandrogenic in yeast, aquatic species, rodents and human and act by binding
to ER, repressing coregulators and by impeding with androgen production.

The fragile balance between androgens and estrogens was reported to be
disrupted by BPA exposure. BPA has been identified as a potential human sex
hormone-binding globulin ligand, meaning BPA could displace endogenous sex
steroids from binding sites and disrupt the balance between androgens and
estrogens (Déchaud et al., 1999). BPA can disrupt the endocrine balance in a
second way; sex hormone metabolism was affected by exposure to the plasticiser.
Firstly, BPA is thought to decrease E2 metabolism (Jurgella et al., 2006; Zhang et
al., 2011). BPA also suppressed UDP-glucuronosyltransferase (UGT) activities,
UGT2B1 protein and ugt2bl mRNA in adult male rats and therefore affected the
glucuronidation of sex hormones (Shibata et al., 2002). Likewise, BPA
significantly decreased the activity of a few male-specific cytochrome P450
isoforms such as testosterone 2a-hydroxylase (T2AH) and testosterone 6f3-
hydroxylase (T6BH) in treated rats (Hanioka et al., 1998), meaning that T
metabolism was decreased. Furthermore, BPA could affect nongenomic steroid
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actions by binding to steroid membrane receptors such as the G protein-coupled
estrogen receptor 1 (GPR30; Thomas and Dong, 2006). Binding to nongenomic
steroid receptors can provoke Ca®* influx and lead to prolactin secretion (Watson et
al., 2007). Studies have characterised a few ways in which BPA can disrupt the
balance between androgens and estrogens, which could explain some of the
undermentioned effects on reproduction.

A meta-analysis conducted by Carlsen and collaborators (1992) described a
decrease in seminal volume and sperm concentration worldwide since the 1940s.
Today, fertility is also affected by an increasing rate of testicular cancer, a high
incidence of reproductive organ malformations and a decreasing boy to girl ratio
(reviewed in Eertmans et al., 2003). In the upcoming section, the influence of BPA
on reproduction is reviewed. First, several studies reported that sperm was greatly
affected by BPA. The percentage of dogwhelk snails with sperm stored in their
vesicular seminalis was decreased by BPA exposure (Oehlmann et al., 2000).
Similarly, at 1.75 pg/L, male brown trout exhibited poor semen quality; the
density, motility rate and swimming velocity were all reduced (Lahnsteiner et al.,
2005). Sakaue et al. (2001) raised the possibility of BPA being an estrogen
antagonist during rat spermatogenesis. The authors observed a decrease in daily
sperm production in treated rats, suggesting that BPA might prevent E2 from
inhibiting germ cell apoptosis. Furthermore, BPA reduced testis weight and penis
length in rats and in giant ramshorn snails, respectively (Sakaue et al., 2001;
Oehlmann et al., 2006). Similarly, BPA inhibited gonadal growth in both male and
female fathead minnows at concentrations as low as 0.64 mg/L (Sohoni et al.,
2001). Effects on estrous cyclicity, female sexual maturity and egg production
were also observed, although BPA was found to be about 10 to 1000-fold less
potent than endogenous estrogens (reviewed in Richter et al., 2007). Suffolk ewe
lambs exposed to BPA prenatally showed progressive loss of estrous cyclicity. The
authors suggested that a decrease in luteinizing hormone (LH) production or
release might be the cause of these observations (Savabieasfahani et al., 2006).
Interestingly, another study conducted on ewe lambs concluded that chronic BPA
exposure reduced LH pulse frequency and amplitude (Evans et al., 2004).
Likewise, female rats exposed to BPA exhibited decreased plasma LH levels and
permanently altered estrous cyclicity patterns. These effects have been documented
in females treated with exogenous T during development. In these cases, T affected
nervous system development via its local aromatisation to E2. Since LH surges
control the release of oocytes, alterations of estrous cyclicity might limit
reproductive fertility and may decrease overall reproductive success. (Rubin et al.,
2001). Indeed, 1.75 pg/L BPA was sufficient to delay ovulation by two weeks,
while 5 pg/L completely impeded ovulation in brown trout (Lahnsteiner et al.,
2005). In addition, premature vaginal opening was noticed in treated rats (Ashby
and Tinwell, 1998). On top of its effects on the estrous cycle and sexual maturity,
BPA was shown to affect the egg production in aquatic species. Egg production
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was enhanced in treated giant ramshorn snails, dogwhelk snails, New Zealand
mudsnails and in copepod (Andersen et al., 1999; Oehlmann et al., 2000; Jobling et
al., 2003; Oehlmann et al., 2006). The increase in egg production in the giant
ramshorn snail was blocked by antiestrogens, suggesting that BPA is estrogenic
(Oehlmann et al., 2006). Contrarily, chronic treatment with BPA inhibited fathead
minnow egg production (Sohoni et al., 2001). Taken all together, studies show that
BPA inhibits sperm production, reduces gonad size, deregulates estrous cyclicity
and affects egg production in invertebrates and vertebrates.

Unlike BPA, studies have shown that phthalates can disrupt the expression
of genes involved in cholesterol transport and steroidogenesis. Before cholesterol
can be uptaken in the cell for steroidogenesis, double bonds are to be removed by
the enzyme 7-dehydrocholesterol reductase (DHCR7). The expression of dhcr7 is
found to be reduced in rats exposed to a single high dose of MEHP (10 mg/kg;
Lahousse et al., 2006). The scavenger receptor class B-1 (SRB1) is responsible for
transporting high-density lipoprotein cholesteryl esters into the cell and its
expression was downregulated by DBP and DEHP in rats (Barlow et al., 2003;
Lehmann et al., 2004; Thompson et al., 2004; Borch et al., 2006). Once the
cholesterol has crossed the cellular membrane, the steroidogenic acute regulatory
protein (StAR) and the peripheral benzodiazepine receptor (PBR) transport it to the
inner mitochondrial membrane. The expression of the former is reduced by DEHP,
MEHP, DBP and dipentyl phthalate (DPeP) in rats (Barlow et al., 2003; Lehmann
et al., 2004; Thompson et al., 2004; Borch et al., 2006; Lahousse et al., 2006;
Hannas et al., 2011). The expression of pbr can be up or downregulated by
phthalates in rodents (Gazouli et al., 2002; Lehmann et al., 2004; Borch et al.,
2006) and is believed to be mediated by PPARa (Gazouli et al., 2002). The first
step of steroidogenesis involves the transformation of cholesterol into
pregnenolone by the enzyme cytochrome P450 side-chain cleavage (CYP11Al).
DBP, DEHP and DPeP were all shown to reduce the expression of cypllal in rats
(Shultz et al., 2001; Barlow et al., 2003; Lehmann et al., 2004; Thompson et al.,
2004; Borch et al., 2006; Hannas et al., 2011). Progestagens are then transformed
into androgens by CYP17A1, which mediates both 17a hydroxylase and 17,20
lyase activities. The gene expression of cypl7al was lowered in rats exposed to
DBP and MEHP (Shultz et al., 2001; Barlow et al., 2003; Lehmann et al., 2004;
Thompson et al., 2004; Lahousse et al., 2006). The product of the 17,20 lyase
transformation is dehydroepiandrosterone. The latter is transformed into
androstenedione by the enzyme 34 hydroxysteroid dehydrogenase (3p-HSD). DBP
decreased the expression of 34-hsd in rats (Barlow et al., 2003; Lehmann et al.,
2004). The enzyme 17 hydroxysteroid dehydrogenase (17B-HSD) has the ability
to transform androstenedione to T, and E1 to E2. The congeners 11 and 12 of this
enzyme were found to be downregulated in abalone embryos exposed to DMP or
DBP (Zhou et al., 2011a; Zhou et al., 2011b). Finally, T can be transformed into
E2 by the enzyme CYP19. Dramatic decreases in cypl9 transcript levels were
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observed in a human adrenocortical carcinoma cell line, in rats and in mice treated
with DEHP and MEHP (Lovekamp and Davis, 2001; Noda et al., 2007; Lee et al.,
2009; Gupta et al., 2010a; Xu et al., 2010). This is thought to be mediated through
the induction of the nuclear receptor 4A subfamily (Noda et al., 2007). On top of
disrupting cholesterol transport and steroidogenesis-related genes, phthalates
lowered the expression of insulin-like hormone 3 (insl3). The protein is produced
by Leydig cells and is essential for development of the gubernaculum, which aids
in the descent of both testes and ovaries from the pararenal through the abdomen
(reviewed in Klonisch et al., 2004; Lehmann et al., 2004). DBP, DEHP, BzBP and
DPeP reduced the expression of insl3 in rodents (Lehmann et al., 2004; Wilson et
al., 2004; Borch et al., 2006; Hannas et al., 2011). In addition, the expression of
receptors such as the steroidogenic factor 1 (sf-1), Ihr and mpr were decreased,
while ar mRNA content was increased in rats and zebrafish exposed to phthalates
(Bowman et al., 2005; Borch et al., 2006; Lee et al., 2007; Carnevali et al., 2010).
Finally, a 500 mg/kg dose of DEHP increased the transcription of vtg in male
zebrafish (Uren-Webster et al., 2010). The transcriptional effects of phthalates on
the sex steroid axis was reviewed by Euling et al. (2013). Briefly, phthalates
mostly have a deleterious effect on the expression of cholesterol transport proteins,
steroidogenic enzymes, receptors and other proteins.

The aforementioned transcriptional changes then led to changes in proteic
expression. Studies completed with female rats and cultured rat granulosa cells
concluded that DEHP and its metabolite MEHP decreased the proteic expression of
CYP19 (Lovekamp and Davis, 2001; Xu et al., 2010). In addition, Wistar rat male
pups exposed to DEHP during gestation and lactation showed decreased CYP19
activity at low doses and increased activity at high doses (Andrade et al., 2006).
CYP19 activity was also reduced in a human cell line treated with MEHP, which is
believed to be due to a rapid increase in nerve growth factor IB (nur77) mRNA and
protein levels, a member of the nuclear receptor 4A subfamily (Noda et al., 2007).
Since CYP19 is an important enzyme in the biosynthesis of estrogens, phthalate
exposure might result in disturbances of the normal balance between androgens
and estrogens. Indeed, increases in E2, follicle stimulating hormone and LH were
observed in rats exposed to DBP and DEHP (O’Connor et al., 2002; Akingbemi et
al., 2004a). Contrarily, DEHP and MEHP decreased E2 levels in rats and mice,
which is likely due to the decrease in CYP19 protein expression (Lovekamp and
Davis, 2001; Gupta et al., 2010a; Xu et al., 2010). Numerous studies have shown
the estrogenic activity of phthalates in cell lines, fish, amphibians and mammals.
Phthalates can bind human ERa (Ohashi et al., 2005), rat ERs (Zacharewski et al.,
1998), rainbow trout ERs (Knudsen and Pottinger, 1999) and African clawed frog
ERs (Lutz and Kloas, 1999: Suzuki et al.,, 2004). Using a yeast-based ER
transcription assay, Kang and Lee (2005) showed that BzBP is weakly estrogenic.
Finally, the production of VTG was affected by phthalate exposure in rainbow
trout, medaka, common carp and zebrafish (Christiansen et al., 1998; Patyna and
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Cooper, 2000; Barse et al., 2007; Carnevali et al., 2010). VTG production is a
sensitive biomarker of estrogenicity in fish and suggest an activation of the ER
signaling pathway (Sumpter and Jobling, 1995; Aluru et al., 2010). In most cases,
phthalates are feminising and act by reducing the expression and activity of
CYP19. In addition to their estrogenic activity, phthalates are antiandrogens. As
seen with BPA, reductions in T production were observed in treated dogs
(Pathirana et al., 2011), rabbits (Higuchi et al., 2003) and rodents (Qishi and
Hiraga, 1980; Jones et al., 1993; Shultz et al., 2001; Lehmann et al., 2004;
Thompson et al., 2004; Wilson et al., 2004; Borch et al., 2006; reviewed in Foster,
2006; Pereira et al., 2006; Lee et al., 2007; Mahood et al., 2007; Howdeshell et al.,
2008; Lee et al., 2009; Noriega et al., 2009; Hannas et al., 2011). For example, rat
pups exposed to MBP during gestation exhibited a mean testicular T content of
about 6% of that of the control group (Shono et al., 2000). Other androgens such as
androstenedione and DHT were decreased in rats and rabbits exposed to DBP
(Shultz et al., 2001; O’Connor et al., 2002). Unlike other antiandrogens, phthalates
do not act by binding to the AR; in vitro studies showed that DEHP and MEHP do
not display affinity for the human AR at concentrations up to 10 uM (Parks et al.,
2000). As mentioned previously, phthalates modify the gene expression of
enzymes and transport proteins involved in T synthesis. A second possible MOA
for the adverse effects on reproduction is the increase in T metabolism. Crago and
Klaper (2012) showed that the reduction in T observed in DEHP treated fathead
minnow was not due to an inhibition of steroidogenic gene expression nor an
increase in peroxisome proliferator-related transcripts. An increase in follicle-
stimulating hormone B (f54) mMRNA also showed that feedback from the pituitary
was not repressed. The gene expression of phase I-metabolising enzyme
cytochrome P450 3A4 (cyp3a4) and phase I1-metabolising enzyme sulfotransferase
dehydrogenase 2Al1 (sult2al), on the other hand, was increased, providing
evidence for increased steroid catabolism. Similarly, Patyna and collaborators
(2006) provided evidence for increased T hydroxylase activity in Japanese medaka
treated with DINP or diisodecyl phthalate (DIDP). DEP increased cytochrome
P450 3A2 (CYP3A2) content in male rats, which hydroxylates T at the 6f-position
(Fujii et al., 2005). Another antiandrogenic effect is the decrease in INSL3
secretion in dog testes treated with MBP or MEHP (Pathirana et al., 2011). In
addition, the activity of Sa-reductase, the enzyme transforming T into the more
potent DHT, was inhibited by DBP and DEHP in the common carp (Thibaut and
Porte, 2004). Overall, phthalate esters have been shown to be estrogenic and
antiandrogenic. The former is mediated mostly by CYP19, while the latter is
accomplished through a reduction in cholesterol transport in mammals and an
increase in T metabolism in aquatic species.

Phthalates disrupt reproduction in males of many species. Several papers
review the effects of phthalates in mammalian reproduction (Ema, 2002; Hotchkiss
et al., 2008; Talsness et al., 2009; Makris et al., 2013). Main and collaborators
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(2006) analysed breast milk from a Danish-Finnish cohort. The milk contained six
phthalate monoesters. These metabolites had antiandrogenic effects on male infants
reproductive hormones. Serum sex hormone-binding globulin, LH to free T ratio
and LH level were all positively correlated with the metabolites, while free T was
negatively associated with MBP. The authors suggested that phthalates adversely
affected Leydig cell function, which resulted in a reduced biologic androgen effect
(Main et al., 2006). In rats and rabbits, BzBP, DBP and DEHP reduced sperm
synthesis, sperm concentration, sperm motility, ejaculate volume and number of
motile sperms, among others (Higuchi et al., 2003; Tyl et al., 2004; Aso et al.,
2005; Gray et al., 2009; Lee et al., 2009; Giribabu et al., 2012). When abalone
sperms were exposed to 100 pg/L DMP, a fertilisation rate of 38.5% was achieved,
compared to approximately 80% in control animals. The authors provided evidence
for a decrease in ATPase activity, meaning that sperms had less energy to propel
themselves and penetrate into the eggs (Zhou et al., 2011b). Exposed animals also
suffered from altered sex accessory organs; a multitude of studies provided
evidence for phthalates’ effect on the anogenital distance, the distance from the
anus to the anterior base of the penis. This distance was decreased in rodents
exposed to BzBP, DCHP, DBP, DEHP, DPeP and dipropyl phthalate (Mylchreest
et al., 1998; Mylchreest et al., 1999; Mylchreest et al., 2000; Parks et al., 2000; Tyl
et al., 2004; Aso et al., 2005; Hoshino et al., 2005; Jarfelt et al., 2005; Gray et al.,
2009; Yamasaki et al., 2009; Hannas et al.,, 2011; Saillenfait et al., 2011).
Furthermore, MBzP decreased the anogenital distance in treated rats and may be
responsible for the effects seen with BzBP (Ema et al., 2003). The reduction in
anogenital distance was believed to be due to a decreased T production during the
critical stage of reproductive tract differentiation (Parks et al., 2000). It was shown
that anogenital distance is positively correlated with fertility, sperm density and
mobile sperm count in men. Therefore, the anogenital distance is associated with
fatherhood and may predict male reproductive potential (Eisenberg et al., 2011). In
addition, phthalates inhibited transabdominal testicular descent in rats, a T-
dependent event (Mylchreest et al., 1998; Shono et al., 2000; Ema et al., 2003;
Saillenfait et al., 2006; Saillenfait et al., 2011). Other frequent results of phthalate
exposure are permanent retention of nipples (Mylchreest et al., 1999; Mylchreest et
al., 2000; Tyl et al., 2004; Hoshino et al., 2005; Jarfelt et al., 2005; Gray et al.,
2009; Yamasaki et al., 2009; Hannas et al., 2011), delayed preputial separation
(Mylchreest et al., 1999; Aso et al., 2005; Yamasaki et al., 2009) and delayed
pubertal onset in male rodents (Tyl et al., 2004; Noriega et al., 2009). Testicular
lesions have also been observed in treated rats (Foster et al., 1981; Tyl et al., 2004;
Gray et al., 2009) and in African clawed frog (Lee and Veermachaneni, 2005). In
addition to these adverse effects, phthalates reduced the weight of androgen-
dependent organs such as the prostate and the testes in rats (Srivastava et al., 1990;
Parks et al., 2000; Jarfelt et al., 2005; Gray et al., 2009; Noriega et al., 2009). This
effect was also believed to be due to the decreased T production (Parks et al.,
2000). Phthalates and their monoester metabolites induced atrophy of the testes and
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of the seminiferous tubules (Foster et al., 1981; Lake et al., 1982; Mylchreest et al.,
1998; Kasahara et al., 2002; Aso et al., 2005; Hoshino et al., 2005; Yamasaki et al.,
2009). Three possible MOAs were put forward. The first one involves the
induction of oxidative stress which injures mitochondrial function. The latter
would then be followed by the release of cytochrome c, thereby inducing apoptosis
of spermatocytes (Kasahara et al., 2002). The second explanation involves a
decrease in sorbitol dehydrogenase activity, fructose level and phospholipids levels
(Fukuoka et al., 1989). The last MOA suggests that phthalates act on T and DHT
levels, as mentioned in the previous paragraph (Mylchreest et al., 1998). Testicular
atrophy and lesions were not observed in rats treated with -tert monoesters,
providing evidence for the effect of branching in testicular toxicity (Foster et al.,
1981). Similarly, ring substitution plays a role in reproductive damage. For
example, di(2-ethylhexyl) terephthalate did not adversely affect rat reproduction
(Faber et al., 2007a). This compound was also found not to induce peroxisome
proliferation (Topping et al., 1987; Barber and Topping, 1995). The antiandrogenic
properties observed in in vivo studies are thought to be related with PPARa, rather
than the AR (Gazouli et al., 2002). Ward et al. (1998) refuted this hypothesis; the
group used PPARa-null mice to conclude that the testicular toxicity of DEHP was
independent of PPARa (Ward et al., 1998). Other authors suggested that the
testicular toxicity may be mediated by other PPAR form (Hurst and Waxman,
2003). Wilson and collaborators (2004), on the other hand, showed that lesions
were associated with decreased insl3 transcript. Altogether, studies suggest that
phthalates’ antiandrogenic proprieties are mainly triggered by the decreased T
production, which could be due to PPAR-dependent transcriptional changes.

Unsurprisingly, female reproduction was also affected by phthalate
exposure. Puberty and vaginal opening were both delayed in treated rats (Tyl et al.,
2004; Fujii et al., 2005). Similarly, Frederiksen et al. (2012) showed an association
between phthalate in urine and delayed pubarche in girls. Estrous cycle duration
was prolonged by DEHP in treated rats (Xu et al., 2010). Likewise, a reproductive
study by Hoshino et al. (2005) showed that DCHP prolonged the estrous cycle in
FO female rats by reducing the body weight gain. In addition, ovary weight was
decreased in rats treated with DEHP (Xu et al., 2010). Phthalates also affected
fecundity at concentrations as low as 3 pg/L; exposure decreased the number of
eggs or youngs produced by medaka and daphnids (Mayer and Sanders, 1973;
McCarthy and Whitmore, 1985; DeFoe et al., 1990; Patyna and Cooper, 2000).
Moreover, female zebrafish exposed to 40 ug/L DEHP for three weeks produced
1% of the embryos laid by control animals. This reduction could be due to a
decrease in prostaglandin-endoperoxide synthase 2 (ptgs2) expression. The latter
codes for the enzyme essential for the ovulation process, cyclooxygenase (COX;
Carnevali et al., 2010). In sum, phthalates affected male and female reproduction in
various ways and the MOAs for the effects observed in females remain unclear.
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Both BPA and phthalates have been shown to skew sex ratios and induce
hermaphrodites. In a medaka study for example, 1.8 mg/L BPA treatment yielded
only females (Yokota et al., 2000). Approximately 62-70% females were found in
African clawed frog tadpoles exposed to 0.23 mg/L BPA (Kloas et al., 1999; Levy
et al.,, 2004). Pickford et al. (2003) reported different results. In their study,
exposing African clawed frogs to 49.7 pg/L BPA did not affect sex ratios.
Furthermore, 0.01 pg/L DEHP skewed the sex ratio towards females in medaka
(Chikae et al., 2004a). On top of skewing ratios, some animals exposed to
plasticisers harbor both testicular tubular and ovarian follicle elements. For
example, exposing African clawed frog tadpoles to 0.23 mg/L BPA resulted in two
intersexed testes (Levy et al., 2004). BPA concentrations as low as 0.01-1.82 mg/L
induced testis-ova in treated medaka (Yokota et al., 2000; Metcalfe et al., 2001).
This effect could be encountered in the environment since surface waters were
reported to contain as much as 21 pg/L BPA (reviewed in Crain et al., 2007).
Similarly, DBP induced intersex in males Japanese medaka (Patyna and Cooper,
2000). Ohtani et al. (2000) showed that treating genetical male Japanese wrinkle
frogs with 2.78 mg/L DBP during gonadal differentiation led to ovarian formations
in 17% of the gonads. Altogether, these studies show that plasticisers behave like
estrogens; E2 and ethinyl estradiol are well known for affecting sex ratios in
amphibians (Miyata et al. 1999; Levy et al., 2004; Pettersson et al., 2006;
Pettersson et al., 2007; Hu et al., 2008; Lutz et al., 2008). The MOA for BPA
involves its binding to ER and the upregulation of ER mRNA levels (Levy et al.,
2004). However, the MOA for phthalates is still unclear. Phthalates could act by
affecting CYP19 activity (Andrade et al., 2006), then disrupting the balance
between androgens and estrogens.
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1.2.5 Plasticiser-induced endocrine stress and cellular stress lead to
malformations

After being uptaken by the cell, cholesterol can be utilised to produce sex
steroid, as mentioned in the previous section, or it can be transformed into
corticosteroids. The latter are hormones secreted by the adrenal cortex when
organisms experience stress. Several aforementioned studies demonstrated that
phthalates downregulate the expression of cholesterol transport and steroidogenesis
genes such as dhcr7, srbl, star, pbr, cypllal, cypl7al and 34-hsd (Shultz et al.,
2001; Gazouli et al., 2002; Barlow et al., 2003; Lehmann et al., 2004; Thompson et
al., 2004; Borch et al., 2006; Lahousse et al., 2006; Hannas et al., 2011), but little
research efforts have been focused on corticosteroid-specific genes. In rat
mammary gland, BzBP upregulated the expression of corticotropin releasing
hormone 1 (crhrl; Moral et al., 2007). Plasticisers have contradicting effects on
stress hormones in fish and mammals. Six phthalates failed to displace the native
ligand from rainbow trout liver and brain cortisol receptor in vitro (Knudsen and
Pottinger, 1999). Moreover, female rats exposed to DEHP for 14 days experienced
a decrease in cortisol (Gayathri et al., 2004). Similarly, production of cortisol and
corticosterone was inhibited in a concentration-dependent manner in H295R
human adrenocortical carcinoma cells exposed to BPA (Zhang et al., 2011),
whereas rainbow trout had significantly higher basal plasma cortisol level when
exposed to BPA as oocytes (Aluru et al., 2010). Endocrine stress has not been
characterised as extensively as plasticiser-induced cellular stress, which is
presented in the upcoming section.

The major function of peroxisomes is the breakdown of long fatty chains
through B oxidation. This in turn produces peroxide by direct transfer of electrons
to oxygen. Cellular iron could then catalyse the Haber-Weiss reaction, which
consists in the production of the highly reactive hydroxide anion from peroxide.
Such reactive oxygen species (ROS) are highly reactive toward biological
macromolecules, especially DNA. Peroxide and hydroxide can damage DNA by
degrading it, breaking strands, crosslinking DNA, inducing scissions, leading to
chromatid breaks, exchanging chromatids and inducing unscheduled DNA
synthesis. The excessive production of hydrogen peroxide or the diminished rate of
hydrogen peroxide degradation by catalase (CAT) are mutagenic and may lead to
cancers (Feinstein et al., 1978; Warren et al., 1982; Abdellatif et al., 1991). By
increasing peroxisome proliferation, phthalates increase peroxisomal B oxidation
(Isenberg et al., 2000; Isenberg et al., 2001), increase ROS production (Kasahara et
al., 2002; Pereira et al., 2006; Erkekoglu et al., 2012), induce DNA damage in
sperm and testes (Duty et al., 2003; Hauser et al., 2007; Lee et al., 2007) and are
associated with breast cancer in Mexican women (Lopéz-Carillo et al., 2010). In
sum, phthalates disrupt the oxidative stress balance by activating peroxisomes,
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which produces ROS. Fatty chain oxidation is not the only source of ROS.
Superoxide radicals are sometimes a by-product of ATP production during
oxidative phosphorylation. Xanthine oxidase, NADPH oxidases and cytochromes
P450 can also produce superoxide. The cell has a defence system against oxidative
stress. This involves antioxidants such as CAT, superoxide dismutase (SOD),
glutathione peroxidase (GPX) and thiols, among others. On top of disrupting the
ROS balance, phthalates alter the cells’ ability to cope with ROS by inducing
transcriptional changes. For example, the expression of gpx and cytochrome P450
3A (cyp3a) was upregulated by five phthalates in treated abalones (Zhou et al.,
2011a). Moreover, DEHP and BzBP induced a two and four-fold increase in the
expression of heat shock protein 70 (hsp70), respectively (Planell6 et al., 2011).
Heat shock proteins (HSPs) are chaperone proteins which assist the correct folding
of nascent and prevent protein aggregation in the event of stress (reviewed in
Gupta et al., 2010b). BzBP also upregulated the expression of heat shock factor 2
(hsf2) in rat mammary gland (Moral et al., 2007). These transcriptional changes
correlate with disrupted proteic expression and activity. SOD activity was found to
be increased in rats exposed to DBP and decreased in kidneys of rats exposed to
DEHP (Lee et al., 2007; Erkekoglu et al., 2012). Similarly, CAT activity was
increased by DBP, DHP and DNOP and decreased by DEHP in rats (Mann et al.,
1985; Lee et al., 2007). DEP and DEHP both depleted glutathione content in rat
tissues (Kasahara et al., 2002; Pereira et al., 2006; Erkekoglu et al., 2012). GPX
activity was either increased by DBP or decreased by DEHP in rats (Lee et al.,
2007; Erkekoglu et al., 2012). Thiol and ascorbic acid content was reduced in
kidney and testes of rats exposed to DEHP (Kasahara et al., 2002; Erkekoglu et al.,
2012). Ultimately, the cells’ battle against ROS was lost in rats treated with
MEHP; the monoester induced the release of cytochrome ¢ and induced apoptosis
in the testes (Kasahara et al., 2002). Although BPA-induced cellular stress was not
well characterised, phthalates’ effects on the mechanisms of defence against ROS
have been investigated.

Cellular stress induced by contaminants is hypothesised to induce
malformations in aquatic species (Ankley et al., 2004; Mussi and Calcaterra, 2010).
BPA exposure therefore resulted in malformations in various animals (reviewed in
Staples et al., 1998). Treatment of the giant ramshorn snail with BPA induced
malformations in the female genital system. Animals displayed additional female
sex organs, malformations of the oviducts and enlargement of pallial accessory sex
glands (Oehlmann et al., 2000). Tail deformities and cardiac edema were
encountered in zebrafish exposed for 24 hours (Duan et al., 2008). A similar
experiment showed that zebrafish and African clawed frog embryos exposed to 5.7
and 1.1 mg/L BPA, respectively, displayed abnormalities of the otoliths, structures
required for normal balance and gravity sensing. Since neither E2, ER antagonists,
nor THs modified the BPA response, the authors concluded that the malformation
was independent of ERs or TRs (Gibert et al., 2011). Other authors reported
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malformations in amphibians. Sone and collaborators (2004), for example, noticed
microcephaly, flexure, edema, or abnormal gut coiling in 44% of African clawed
frog embryos treated with 4.6 mg/L of BPA. Similar studies were conducted by
Oka et al. (2003) and Iwamuro et al. (2003). The authors observed developmental
abnormalities such as crooked vertebrae and defects of the head and abdomen in
treated African clawed frog. Since these results were not inhibited by the addition
of E2, the authors also concluded that the malformations were due to non-
estrogenic activities on developmental processes (Oka et al., 2003). At a slightly
higher concentration, 11 mg/L, African clawed frog tadpoles exhibited eye
malformations and scoliosis. The eye malformations were believed to be due to a
decrease in paired box protein (pax-6) transcript, a key regulator of eye
morphogenesis (Imaoka et al., 2007). In sum, studies demonstrated the
teratogenecity of BPA and concluded that the plasticiser did not act via ER or TH.
Perhaps further research on cellular stress could explain BPA-induced
malformations.

As seen with BPA, phthalate exposures resulted in a variety of terata in
aquatic species and mammals. Many studies reported reproductive abnormalities,
mainly in male rodents, resulting from phthalate exposure (Mylchreest et al., 1998;
Mylchreest et al., 1999; Gray et al., 2000; Mylchreest et al., 2000; reviewed in
Gray et al., 2001; Tyl et al., 2004). Phthalates decrease the expression of proteins
that are necessary for steroidogenesis, leading to a decreased T synthesis. This
decrease in T is the origin of the reported reproductive malformations (Parks et al.,
2000). In addition, other body parts such as sternebrae, ribs and eyes have been
found to be malformed by phthalates (Saillenfait et al., 2006). Two studies reported
phthalate-induced abnormalities in African clawed frog in the low mg/L range. A
chronic study showed that 0.1 mg/L of DBP was sufficient to induce sexual
malformations including seminiferous tubular dysgenesis in males (Lee and
Veermachaneni, 2005). Acutely exposing African clawed frog embryos to 15 mg/L
DBP resulted in a 100% malformation rate. Animals harbored abnormally coiled
guts and cardiac abnormalities. The median effective concentration (ECsy) was
found to be 0.98 mg/L (Lee et al., 2005). In abalone gametes, DMP exposures led
to yolk sac edema, irregular cleavage and asymmetrical splits. Concentrations as
low as 0.1 mg/L induced an approximate 25% malformation rate (Zhou et al.,
2011b). In another study by the same group, phthalate concentrations varying from
0.2 to 10 mg/L induced 30 to 45% abnormality rates in treated abalones. The
malformations included yolk leakage, yolk sac edema and reduction of body
pigmentation. The authors suggested four possible MOAs: phthalates could affect
osmoregulation, induce oxidative stress, damage the extraembryonic membrane
structure or disrupt endocrine-related gene expression (Zhou et al., 2011a). The
phthalates’ molecular structure may affect the teratogenesis of the compounds.
Phthalate monoesters induced the same types of malformations as the
corresponding diester and seemed to be more or equally potent in rodents (Ema et
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al., 1994; Ema et al., 1996; Ema et al., 1999; Saillenfait et al., 2001; reviewed in
Ema, 2002). Phthalic acid, on the other hand, was shown to be non-teratogenic in
African clawed frog tadpoles; an ECs, of 6,620 mg/L was found by Bantle and
collaborators (1999). A similar result was found in rats; phthalic acid was not
teratogenic in rat pups (Ema et al., 1997). Cyclic phthalates were also shown to be
less potent than their straight chain analogs in rats (Saillenfait et al., 2009).
Altogether, several studies showed that phthalates and their metabolites can induce
a series of malformations in molluscs, amphibians and rodents. Reproductive
teratogenicity is believed to be induced via the PPAR-mediated decrease in T,
whereas other malformations are likely due to cellular stress.

1.2.6 Molecular structure of phthalates affects plasticiser lethality

Sublethal effects such as severe malformations, excessive cellular stress
and apoptosis could lead to mortality. Unsurprisingly, BPA exposure resulted in
mortality in certain aquatic species. A median lethal concentration (LCso) of 16.8
mg/L BPA was reported for zebrafish embryos. A 25 mg/L concentration induced
100% mortality in the embryos (Duan et al., 2008). Rainbow trout oocytes seemed
less sensitive to BPA. When oocytes were exposed to 100 mg/L for three hours and
allowed to develop in clean water for 400 days, the exposure induced 30%
mortality (Aluru et al., 2010). In swordtail fish, the 72 hour LCs, was found to be
17.9 mg/L BPA (Kwak et al., 2001). In addition to fish, BPA was shown to induce
mortality in aquatic insects. Two studies showed that the 48 hour LCs, for daphnids
was approximately 10 to 12.8 mg/L (lke et al., 2002; Hirano et al., 2004). The
sensitivity of the mysid shrimp and the copepod, on the other hand, were about 10-
fold higher than that of daphnids; the 48 and 72 hour LCsss were 1.34 mg/L and
0.96 mg/L, respectively (Andersen et al., 1999; Hirano et al., 2004). Mihaich et al.
(2009) showed that the 96 hour LCs, in the midge and the giant ramshorn snail
were 2.7 and 2.24 mg/L, respectively. The same group also exposed amphipods to
BPA for 42 days and found an LCs, of 0.78 mg/L. BPA also induced mortality in
amphibians. In African clawed frog embryos, the 48 hour LCs, was 4.79 (lwamuro
et al., 2003). A 96 hour exposure to 4.6 mg/L induced 42% mortality, while 6.8
mg/L resulted in 100% mortality (Sone et al., 2004). Oka et al., (2003) obtained
similar results. The authors observed that African clawed frog embryos died
rapidly during the gastrula stage when exposed to 9.1 mg/L of BPA. A chronic
experiment exposing few days old African clawed frog tadpoles until
metamorphosis showed that the plasticiser had no observable effect on mortality
(Pickford et al., 2003). Some of these drastic deleterious effects could be
encountered in the environment considering that BPA concentrations as high as
17.2 mg/L were recorded in Japanese landfill leachates (Yamamoto et al., 2001).
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BPA metabolites showed very low acute toxicity in aquatic insects compared with
the parent molecule, providing evidence that biodegradation can remarkably reduce
BPA’s toxic effects (lke et al.,, 2002). In summary, BPA is acutely toxic at
concentrations of 1.34-17.9 mg/L and chronically lethal in the 0.50-0.78 mg/L
range in aquatic species.

Phthalate-induced mortality has been reported in a multitude of species. In
addition, ring dove eggshell thickness was decreased by DBP (Peakall, 1974),
suggesting a putative decrease in offspring survivability. In rodents, mortality was
induced by DBP (Mylchreest et al., 1998), DIDP (Hushka et al., 2001; Cho et al.,
2008), di-2-ethylhexyl terephthalate (Faber et al., 2007a), DIBP (Saillenfait et al.,
2006), BzBP and its metabolite MBzP (Ema et al., 1996; Ema et al., 1999). Post-
implantation loss occured when pregnant rats were exposed to the low dose of 0.75
o/kg/d DBP (Ema et al., 1994). The MOA of phthalate-induced mortality in rodents
might involve PPARs. An experiment with PPARa knockout mice showed that
perfluorooctanoic acid-induced postnatal mortality required PPARa expression,
while early prenatal lethality was independent of PPARa expression (Abbott et al.,
2007). A similar MOA is conceivable with phthalates in rodents. Additionally,
phthalates were shown to induce mortality in aquatic invertebrates, fish and
amphibians. In fish, the 96 hour LCs values for DMP varied from 29 to 121 mg/L
(Adams et al., 1995). The heavier DEP was slightly more toxic than DMP and
induced 50% mortality at concentrations of 12 to 50 mg/L in fish (Adams et al.,
1995; Ghorpade et al., 2002; Barse et al., 2007). DBP was even more lethal, with
LCses varying from 0.35 to 6.5 mg/L (Mayer and Sanders, 1973; McCarthy an
Whitmore, 1985; DeFoe et al., 1990; Adams et al., 1995; reviewed in Burridge and
Haya, 1995). Ortho, iso and tere-isomers seemed to be equally toxic in fathead
minnow, with 96 hour LCss of 0.85, 0.9 and 0.61 mg/L, respectively (DeFoe et al.,
1990). The 96 hour LCss for BzBP were 0.82 and 1.5 mg/L in rainbow trout and
fathead minnow (Adams et al., 1995). In rainbow trout, the DEHP metabolites 2-
ethylhexanoic acid and 2-ethylhexanol had a 96 hour LCs, of 150 and 27 mg/L,
respectively (Horn et al., 2004). Studies conducted on aquatic invertebrates yielded
lethal concentrations that varied over wider ranges. DMP was less toxic in aquatic
invertebrates than in fish; the LCs, varied from 28.1 to 377 mg/L, with amphipods
being the most sensitive species (Adams et al., 1995; Call et al., 2001; Jonsson and
Baun, 2003). The metabolite MMP was less toxic to daphnids than the
corresponding diester; the 48 hour LCss were 473 and 284 mg/L, respectively
(Jonsson and Baun, 2003). Similarly to fish exposures, DEP was more toxic to
aquatic invertebrates than DMP. Concentrations of 4.21 to 131 mg/L induced 50%
mortality in the various species (Adams et al., 1995; Call et al., 2001; Jonsson and
Baun, 2003). Once again, amphipods were the most sensitive organisms (Call et
al., 2001). Monoethyl phthalate was less lethal than DEP in daphnids (Jonsson and
Baun, 2003). Likewise, DBP was beyond an order of magnitude more potent than
MBP in daphnids (Jonsson and Baun, 2003). Exposures with aquatic invertebrates
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yielded LCsgs varying from 0.5 to 16.5 mg/L for DBP with the mysid shrimp being
the most sensitive species (Mayer and Sanders, 1973; McCarthy an Whitmore,
1985; DeFoe et al., 1990; Adams et al., 1995; reviewed in Burridge and Haya,
1995; Call et al., 2001; Jonsson and Baun, 2003). Defoe et al. (1990) studied the
chronic effect of dibutyl ortho, iso and tere-phthalates on daphnids. The ortho
isomer seemed to be less toxic than the other two isomers; the LCses were 1.92, 0.2
and 0.46 mg/L respectively (Defoe et al., 1990). No LCs, was found for DEHP in
aquatic invertebrates, but the 48 hour LCsx, for its metabolites MEHP, phthalic acid,
2-ethylhexanol and 2-ethylhexanoic acid in daphnids were 3.47, 103, 100 and 120
mg/L, respectively (Jonsson and Baun, 2003; Horn et al., 2004). Bulkier phthalates
such as monodecyl phthalate and BzBP induced 50% mortality in aquatic
invertebrates at 0.46-11.1 mg/L (Call et al., 2001; Jonsson and Baun, 2003) and in
shiner perch at 0.51 mg/L (Ozretich et al., 1983). Data for amphibians is scarcer. A
DBP concentration of 27.83 mg/L was lethal in Japanese wrinkled frog tadpoles;
all specimens died in less than five minutes (Ohtani et al.,, 2000). A DBP
concentration of 14.5 mg/L induced 50% mortality in a 96 hour African clawed
frog exposure (Lee et al., 2005). DBP concentrations as low as 10 and 14.5 mg/L
induced 16% and 50% mortality in African clawed frog in five week experiments
(Lee and Veermachaneni, 2005). In addition, a study showed that DEHP bound to
sediment inhibited moorfrog eggs hatching (Larsson and Thurén, 1987). The
metabolite phthalic acid was found not to be harmful in African clawed frog
tadpoles; the 96 hour LCs, was 9,280 mg/L (Bantle et al., 1999). In sum, exposure
to phthalate diesters or their metabolites is lethal for aquatic invertebrates, fish and
amphibians.

The length of the alkyl chains has a colossal effect on the toxicity of
phthalates (Fig. 1.4). Several studies showed that aquatic toxic tends to increase
with increasing chain length (Adams et al., 1995; Rhodes et al., 1995; Call et al.,
2001; Jonsson and Baun, 2003). Indeed, toxicological studies conducted on the
bluegill sunfish yielded 96 hour LCses of 50 mg/L, 16.7 mg/L and 0.48-1.2 mg/L
for DMP, DEP and DBP, respectively (Mayer and Sanders, 1973; Adams et al.,
1995; reviewed in Burridge and Haya, 1995). Phthalates with longer alkyl chains
have higher LCses (Planell6 et al., 2011). One of the possible explanations for the
difference in toxicity between short and long alkyl chained phthalates is the
difference in degradation rate. DBP degrades 16 times faster than DEHP in catfish
liver (Mayer and Sanders, 1973). Therefore, DBP can be metabolised to less toxic
metabolites such as phthalic acid and MBP. Indeed, high phthalic acid
concentrations were necessary to induce lethality in African clawed frog tadpoles
(Bantle et al., 1999) and in daphnids (Jonsson and Baun, 2003). In addition,
Jonsson and Baun (2003) found that MMP, MEP, MBP and phthalic acid were less
potent than their parent compounds in daphnids. Lipophilicity is a second possible
explanation for the difference in toxicity between light and heavy compounds; the
octanol-water partition coefficient (K,y) increases as the number of carbon atoms
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increases. Lipophilicity could influence the ease with which a compound penetrates
tissues and cells (Ito et al., 2012). The greater the bioavailability, the greater
potential for adverse health effects. Heavy phthalates harboring six or more
carbons per alkyl chain, on the other hand, are acutely nontoxic when tested within
their water solubility range (McCarty and Whitmore, 1985; Adams et al., 1995;
reviewed in Staples et al., 1997a; Jonsson and Baun, 2003; Staples et al., 2011).
Several toxicological studies using these bulky phthalates reported lethality at
concentrations well beyond their maximal water solubility. McCarthy and
Whitmore (1985) suggested that phthalates interact with dissolved organic matter
in the water when dissolved beyond their solubility point. The interactions make
the contaminants unavailable for uptake and thus the animals are exposed to
concentrations much lower than the total water concentration, leading to an
overestimation of LCss. In summary, lighter phthalates are acutely toxic to aquatic
species, while heavier ones are more difficult to solubilise and are therefore acutely
nontoxic.

To summarise, three main chains of events are happening in phthalate
treated animals (Fig. 1.2 and 1.3). Firstly, plasticisers disrupt the TH and GH axes
and therefore affect development, but the MOASs are not completely characterised
yet. Secondly, a decrease in cholesterol transport to the mitochondrion is
experienced and could be mediated by PPARs. The reduction in cholesterol intake
leads to reduced T production, thereby inducing reproductive organ malformations,
reproductive defects and decreased fertility. In the third chain of event, the
activation of PPARSs, the increased fatty acid oxidation and the reduced ability to
cope with the augmented ROS production lead to apoptosis, malformation and
mortality in treated animals.

Several of the sublethal and lethal effects reported here are bound to
happen in the environment, considering that environmental concentrations are
occasionally higher than the concentrations tested in reported studies. It is therefore
important to continue to identify the effects of various plasticisers on more species.
Such novel data is presented in chapters 2 and 3; the acute and chronic effects of
phthalates on African clawed frog mortality and sublethal endpoints are described.
The results are then discussed in chapter 4.
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FIGURE 1.2 Examples of the known effects and mechanisms of action of phthalic
acid ester (PAE) for each organisational level. (1) PAE increase the activity of the
sodium/iodide symporter, leading to increased iodide uptake. Although iodide is
necessary for thyroid hormone (TH) production, the effects of PAE on TH
synthesis are unclear. (2) PAE impede with the binding of TH to thyroid hormone
receptors (TR) by binding to TR themselves. (3) The gene expression of retinoid X
receptor (RXR) is reduced by PAE, thus reducing the capacity to form
heterodimers with TR. By doing so, the regulation of TH-related genes is
disrupted, leading to effects at the individual level. (4) Peroxisome proliferator-
activated receptors (PPARS) gene and protein expressions are increased. PAE can
also activate PPARs. (5) After forming heterodimers and binding to response
elements, peroxisome proliferation is increased. (6) Fatty acid oxidation then lead
to the formation of reactive oxygen species (ROS). (7) Transcription, translation
and activity of scavenger is decreased, leading to detrimental effects at the organ
and individual levels. (8) PAE reduce cholesterol transport by reducing scavenger
receptor class B-1, (9) steroidogenic acute regulatory protein and peripheral
benzodiazepine receptor mRNA levels. (10) The gene expression of a series of
enzymes necessary for steroidogenesis is repressed, leading to lower testosterone
levels. (11) The gene expression, protein expression and activity of aromatase are
also decreased, resulting in lessened estradiol synthesis. These effects then induce
changes at the organ, individual and population levels. (12) Finally, cortisol levels
are reduced in treated animals.

39



Phthalates

DNP.

DCHP  DNOP  MNOP  DEHP  MEHP

MMP DEP MEP PP DAP o8P MBP DPeP MPeP.

DMP

INSL3.

IGFs  CYPITAL 17pHSD  CYP19

RXRy

Cellular stress

Reproduction

Development

FIGURE 1.3 Phthalate mono and diesters affect the thyroid hormone, growth hormone, sex steroid and stress axes.

Decreases in transcription, translation and activity are represented in red. Inhibition of endogenous hormone binding

to receptors is also represented in red, whereas opposite effects are represented in green. Note the scarce data on
DMP, MMP and DCHP. Acronyms can be found in section v, except the followings: DAP: diallyl phthalate, DHP:

dihexyl phthalate, DNP: dinonyl phthalate, DPrP: dipropyl phthalate, GSH: glutathione, MEP: monoethyl phthalate,

MNOP: mono-n-octyl phthalate, MPeP: monopentyl phthalate.
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FIGURE 1.4 Median lethal concentrations (LCses) of phthalate diesters across
aquatic trophic levels. In this figure, the number of carbons refers to the total
amount of carbon atoms in the two alkyl chains of a given phthalate diester. This
figure demonstrates that the hypothesis formulated by Adams et al. (1995), Rhodes
et al. (1995), Call et al. (2001) and Jonsson and Baun (2003) may be correct;
toxicity of phthalate diesters increases with lipophilicity. In general, phthalates
seem to be less toxic to aquatic invertebrates than to fish. Note the sparse
amphibian data. Adapted from Mayer and Sanders (1973), McCarthy and
Whitmore (1985), DeFoe et al. (1990), Adams et al. (1995), Burridge and Haya
(1995), Staples et al., (1997a), Andersen et al. (1999), Call et al. (2001), Kwak et
al. (2001), Ghorpade et al. (2002), lke et al. (2002), Iwamuro et al. (2003), Jonsson
and Baun (2003), Hirano et al. (2004), Lee et al. (2005), Barse et al. (2007), Duan
et al. (2008) and Mihaich et al. (2009).
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Chapter 2

Lethal and sublethal effects of acute exposures to phthalates

in the Western clawed frog larvae
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2.1 Introduction

Plasticisers such as phthalates are added to polymers in order to increase
their flexibility. The latter is achieved by lowering the glass transition temperature
(Daniels, 2009). Phthalates have two esters bound to a central ring. These
compounds are not covalently bound to the polymer matrix and can therefore leach
out of consumer products such as food packaging (Fasano et al., 2012), PVC
flooring (Carlstedt et al., 2012) and dietary supplements (Hernandez-Diaz et al.,
2009). As a result, phthalates are found in many environmental strata including air
(up to 1.2 pg/m?®; reviewed in Weschler and Nazaroff, 2008), surface water (up to
180 pg/L; Horn et al., 2004) and sediment (up to 487.3 pg/kg; Vitali et al., 1997).
Several studies have demonstrated that phthalates have adverse effects in aquatic
species and mammals. Mortality (Adams et al., 1995; Mylchreest et al., 1998;
Jonsson and Baun, 2003) and malformations (Gray et al., 2001; Lee et al., 2005;
Zhou et al., 2011b) were observed in treated animals. One of the proposed MOAs
is through the induction of cellular stress (Lee et al., 2007; Planelld et al., 2011;
Zhou et al.,, 2011a). In addition, plasticisers impair reproduction in treated
organisms (Tyl et al, 2004; Aso et al., 2005; Makris et al., 2013). Phthalates have
been shown to have endocrine disrupting properties. Treated rats exhibited several
conditions, such as altered sex steroid-related gene expression (Barlow et al., 2003;
Borch et al., 2006; Noda et al., 2007; Carnevali et al., 2010; Hannas et al., 2011),
lowered E2 production (Xu et al., 2010), reduced T synthesis (Borch et al., 2006)
and increased T metabolism (Fujii et al., 2005). Phthalates also exhibit TH-
antagonist activity in vertebrates. Among others, urinary diester and monoester
concentrations are negatively correlated with THs levels in humans (Meeker et al.,
2007). Additionally, phthalates decelerate TH-dependent metamorphosis in
amphibians (Shen et al., 2011). The proposed MOA for these endocrine effects
include the disruption of TH-related genes (Sugiyama et al., 2005; Lee et al., 2007;
Shen et al., 2011).

In light of the previous literature review (Mathieu-Denoncourt et al., in
preparation a), there is a critical lack of information on the effects of plasticisers in
non-mammalian species. Given that plasticisers are constantly released into the
environment and that these chemicals are mainly found in water bound to particles,
it is imperative to pay closer attention to the outcomes of plasticiser exposure in
aquatic species. Considering that percutaneous passage is much greater in
amphibians than in mammals (Quaranta et al., 2009) and that amphibian
populations are in decline (Stuart et al., 2004), the effects of plasticisers on
amphibians must be further investigated. A great deal of research effort has been
focused on DEHP, DBP and BzBP, but it is important to characterise the effects of
understudied compounds such as those that are part of Canada’s Chemical
Management Plan (CMP) priority assessment list (Canada Gazette, 2013). The goal
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of the CMP is to collect information on chemicals whose impacts on the
environment are unknown. The phthalates that are part of the CMP may be less
studied, but have been shown to be in the environment at concentrations
comparable to those of DEHP, DBP and BzBP (Hendriks et al., 1994; Suzuki et al.,
2001; Clara et al., 2010; Zhang and Shen, 2010). Therefore, the current chapter
aimed at elucidating the effects and the MOAs of phthalates that are part of the
CMP in amphibians. The effects of acute exposures to MMP, DMP and DCHP on
Western clawed frog embryo mortality, malformations and development were
investigated. In addition, the expression of a suite of genes involved in
reproduction, TH axis, cellular stress and transcriptional regulation was assessed.

Medium to high molecular weight phthalates such as DCHP are used in the
manufacturing of PVC, while DMP is utilised mostly in cellulose ester-based
plastics (Staples et al., 1997b). DMP has an estimated half-life of 360 hours in
water (Mackay, 2001) and is metabolised to the monoester MMP (Albro and
Moore, 1974). Monoesters are thought to be the active metabolites responsible for
the toxicological effects observed during diester exposures (Gray et al., 2000;
Saillenfait et al., 2001; Ema, 2002; Shen et al., 2011). Based on the toxicity of
similar compounds, it was hypothesised that MMP, DMP or DCHP concentrations
above 1.0 mg/L would induce malformations and concentrations above 15 mg/L
would result in increased mortality (Lee et al., 2005). Since MMP and DMP are
less lipophilic than DCHP, higher mortality rates should be encountered in the
DCHP acute exposure (Fig. 1.4). Development was hypothesised to be hindered at
concentrations as low as 0.1 mg/L (Lee et al., 2005). Finally, according to the
literature, phthalates were hypothesised to decrease the expression of TH-related
genes (Sugiyama et al., 2005; Shen et al., 2011) and sex steroid-related genes
(Lovekamp and Davis, 2001; Lehmann et al., 2004; Bowman et al., 2005), while
cellular stress response genes were expected to be upregulated by phthalates
(Planell6 et al., 2011).
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2.2 Materials and methods

2.2.1 Animal care and breeding

Animal care was performed according to the guidelines of the Animal Care
Committee of Queen’s University (Kingston, ON, Canada) and the Canadian
Council of Animal Care. Adult husbandry was performed as described in Mathieu-
Denoncourt et al. (2014). Adult Western clawed frogs (Silurana tropicalis) were
reared in dechlorinated and aerated water from the Queen’s University Animal
Care Facility. Lighting was maintained at a 12 h light and 12 h dark cycle starting
at 0700 AM. Breeding was conducted as per Soriano et al. (2014). Briefly, one day
prior mating, 11 pairs of adults were injected with 12.5 units of human chorionic
gonadotropin (standard grade, 3150.0 IU/mg potency, CAS 9002-61-3,
Calbiochem, San Diego, California, USA) into the dorsal lymph sac to initiate
amplexus and ovulation. The animals were kept in different aquariums and pH of
the aquariums was adjusted to 5.8-6.0 with HCI. Twenty-four h after the first
injection, the pH of the aquariums was re-adjusted and animals were injected with
200 units of chorionic gonadotropin. Pairs were then introduced in the breeding
chambers and were kept in the dark. Eggs were collected and pooled. Embryos
were dejellied to facilitate handling. This was accomplished by gentle swirling for
2 min in a 2% w/v L-cysteine (> 99%, CAS 52-90-4, Acros Organics, Fair Lawn,
New Jersey, USA) solution adjusted to pH 8.1 with NaOH. The rearing media was
prepared according to the American Society for Testing and Materials publication
E1438-98 Standard Guide for Conducting the Frog Embryo Teratogenesis Assay:
Xenopus (FETAX; American Society for Testing and Materials, 1998). The
FETAX media was made of 625 mg NaCl, 96 mg NaHCO;, 30 mg KCI, 15 mg
CaCl,, 60 mg CaSO,-2H,0 and 75 mg MgSO, per L of dechlorinated water
(American Society for Testing and Materials, 1998). Gentamycin sulphate (CAS
1405-41-0, Fisher Scientific, Fair Lawn, New Jersey, USA) was added to every jar
at a concentration of 0.04 mg/L for the whole duration of the exposure. This
antibiotic was used for its broad antimicrobial spectrum activity (Changez et al.,
2004).
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2.2.2 Experimental design

Three acute toxicity tests for rapid screening of phthalates were performed
as described in FETAX (American Society for Testing and Materials, 1998).
Briefly, FETAX is a whole embryo assay used for the evaluation of a chemical’s
developmental toxicity using African clawed frog tadpoles. Western clawed frog
larvae have been shown to be a suitable species in FETAX (Fort et al., 2004;
Mathieu-Denoncourt et al., 2014). According to a type 111 fugacity model, the three
phthalates of interest are mainly found in the water, bound to particles (Mackay,
2001); therefore water exposures were conducted. Western clawed frog larvae were
reared in FETAX solution spiked with MMP (98%, CAS 4376-18-5, Acros
Organics, Fair Lawn, New Jersey, USA), DMP (99%, CAS 131-11-3, Acros
Organics, Fair Lawn, New Jersey, USA) and DCHP (99%, CAS 84-61-7, Acros
Organics, Fair Lawn, New Jersey, USA). Concentrations varying from the pg/L
range to the highest experimental solubility point were chosen in order to
determine lethal and sublethal effects (Fig. 2.1). MMP and DMP were dissolved in
water to obtain nominal concentrations of 0.24, 2.4, 24, 240, 2400 mg/L and 0.115,
1.15,11.5, 115, 1150 mg/L, respectively. DCHP was solubilised in 0.82% dimethyl
sulfoxide (DMSO; 99.9%, CAS 67-68-5, Fisher, Fair Lawn, New Jersey, USA) to
obtain 0.6, 6, 60 and 600 mg/L. A BPA (> 99%, CAS 80-05-7, Sigma-Aldrich, St.
Louis, Missouri, USA) concentration of 3.4 mg/L dissolved in 0.01% v/v DMSO
was used as positive control of gene expression disruption (Sone et al. (2004).
DMSO was used in previous African clawed frog acute studies at concentrations
up to 1% v/v and did not induce toxic effects at the organismal level (Osano et al.,
2002; Lee et al., 2005; Buryskova et al., 2006; Gillardin et al., 2009). Furthermore,
DMSO can be employed at a final concentration of up to 1.1% according to the
American Society for Testing and Materials (1998). Two water-only controls were
conducted; one for BPA and MMP and one for DMP and DCHP. Each treatment
was tested in 6-10 replicates of 30 mL of FETAX solution containing 18-50
Western clawed frog gastrulae (Nieuwkoop and Faber 1992; NF11-12) each. Dead
embryos were removed and recorded daily. Rearing media was renewed every 24 h
to ensure that the oxygen levels remained high. Temperature was kept between
23.8 and 27.0 °C. The pH was kept between 6.4 and 8.4 and was adjusted with
NaOH if needed. The exposures lasted 72 h, until the developmental stage NF46
was reached.
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2.2.3 Water and tissue sample collection

For each treatment, rearing media samples (n = 2) were collected before
the introduction of embryos (time 0) and 24 h later. Media samples were preserved
in dark vials at -20 °C until gas chromatography-mass spectrometry (GC-MS)
analysis was performed. At exposure completion, a subset of surviving tadpoles
was preserved in formalin (10%, CAS 50-00-0, Fisher Scientific, Fair Lawn, New
Jersey, USA). Fixed tadpoles were kept in dark vials at room temperature until
malformation and developmental delay analysis. Number of animals collected
varied among treatments due to animal availability at the end of the exposure.
Pools of ten animals (n = 8-9 pools) were preserved at -80 °C for further gene
expression analysis.

2.2.4 Media analysis

The experimental concentrations were determined by GC-MS in Dr.
Yargeau’s Laboratory (McGill University, QC, Canada). Briefly, deuterated
isotopes were used as surrogates for the native compounds to aid in the
guantification. GC-MS analyses were performed using a Trace GC Ultra gas
chromatograph equipped with a Triplus As injector and coupled to a Polaris Q
(Thermo Fisher Scientific, Waltham, MA, USA). The accuracy of the method was
determined with internal standards (BPA: 99.9%, CAS 80-05-7, Supelco, Sigma-
Aldrich, St. Louis, Missouri, USA; DCHP: 99.9% CAS 84-61-7, Supelco, Sigma-
Aldrich, St. Louis, Missouri, USA; DMP: 99.9%, CAS 131-11-3, Supelco, Sigma-
Aldrich, St. Louis, Missouri, USA; MMP: 99.5%, CAS 4376-18-5, Supelco,
Sigma-Aldrich, St. Louis, Missouri, USA). Detection limits were 0.07, 0.24, 0.003
and 0.03 mg/L for BPA, MMP, DMP and DCHP, respectively. Results are reported
based on experimental concentrations.
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2.2.5 Morphological analysis

Tadpoles were staged using the system suggested by Nieuwkoop and Faber
(1992). Malformation and development analyses were carried out on the fixed
tadpoles under a dissecting microscope (Stereomaster, Fisher Scientific, Fair Lawn,
New Jersey, USA) and were performed blinded to avoid observer bias. Types of
malformations and signs of developmental delay were recorded based on the Atlas
of Abnormalities (Bantle et al., 1998). Eyes, tails, hearts, guts, gills, head and face
were verified for malformations. Eye malformations included reduction in size,
asymmetric formation, incomplete separation from the brain and cyclops. Tail
shortening and flexure were also recorded as malformations. Moreover, failure of
the heart to coil properly, displacement of the heart along with edema and
blistering were counted. Signs of developmental delay included failure of the
choroid fissure to close, missing eye cup, presence of cement glands and
incomplete gut coiling. Body length was used as an indicator of growth inhibition
and was measured with the microscope Nikon SMZ18 (Nikon, Chiyoda-Ku,
Tokyo) along with the software NIS Elements (Nikon, Chiyoda-Ku, Tokyo).
Samples were coded to avoid bias during tadpole length measurement.

2.2.6 Gene expression

Whole larvae were used in order to allow for the understanding of overall
gene expression in early development. Each treatment was tested in 4 to 9
replicates of pools of 10 whole embryos. Tissues were sonicated with the
Ultrasonic Dismembrator-150T (Thermofisher, Ottawa, ON, CA). RNA was
extracted and purified using the e.Z.N.A. Total RNA Kit | (Omega Bio-Tek,
Norcross, GA, USA). Nucleic acid quality and concentration were measured with a
NanoDrop-2000 spectrophotometer (Thermofisher, Ottawa, ON, Canada).
Genomic DNA contamination was removed with the RQ1 RNase-free DNase kit
(Promega, Madison, WI, USA). Complementary DNA was prepared from 2 pg of
total RNA with the GoScript Reverse Transcription System (Promega, Madison,
WI, USA) and the PCR Vapo.protect Mastercycler pro S (Eppendorf, Hamburg,
Germany). Finally, transcriptional changes were investigated using real-time
guantitative polymerase chain reaction (QPCR). The GoTag qPCR Master Mix
(Promega, Madison, WI, USA) was used, which includes the BRYT Green and
carboxy-X-rhodamine dyes. The specific forward and reverse primers for the genes
of interest are found in Table 2.1. The Agilent Mx3005P (Agilent Technologies,
Inc, Santa Clara, CA, USA) thermocycle program included a hot-start activation at
95 °C for 2 min, then 40 cycles of denaturation at 95 °C for 15 s and annealing at
58-62 °C and for 1 min. Dissociation occurred at 95 °C for 1 min, then 58-62 °C
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for 30 s and finally 95 °C for 30 s. Exact annealing temperatures are found in Table
2.1. For each gPCR assay, a negative template control and a negative reverse
transcriptase control were included to ensure the absence of contamination.
Standard curves were prepared by serial dilutions (1:4) starting at 100 ng. Samples,
controls and standard curves were run in duplicate. Efficiency and R* were kept
between 84.8-138.5% and 0.900-1.000, respectively. The threshold for each gene
was automatically calculated by the MxPro Software and was corrected manually.
Since certain housekeeping genes changed among treatments, each acute assay was
normalised to housekeeping genes that were not altered by that particular phthalate.
Transcripts for DMP treatments were normalised to the quantified relative
expression of elongation factor 1 alpha (efla) and ribosomal protein L8 (rpl8),
while MMP and DCHP results were normalised to ef/a and beta actin (factin),
respectively.

2.2.7 Statistical analysis

In order to determine if phthalate concentrations at time 0 were statistically
different from time 24 h, two-tailed case one (paired) t-tests were performed for
each treatment. One-tailed case three (unequal variance) t-tests were performed to
compare each treatment to the water control. The p-values were corrected with the
Bonferroni adjustment. Mortality, malformations and signs of developmental delay
were analysed using Fisher’s exact tests. Lilliefors tests determined that tadpole
length data and the expression of some genes were not normally distributed.
Tadpole length was analysed using Kruskal-Wallis tests followed by two-tailed
Dunn's procedures with the Bonferonni correction. Gene expression was analysed
using either one-way ANOVAs and two-sided Dunnet’s tests or Kruskal-Wallis
tests and two-tailed Dunn's procedures with the Bonferonni correction. Probit
analysis was used to determine the LCsss and ECss. The teratogenic index (TI)
was calculated as described in Bantle et al. (1999). In all scenarios, p-values of less
than 0.05 were considered statistically significant. A threshold of + 500 um was
considered biologically significant for tadpole length and fold changes higher than
0.8 were deemed biologically significant for gene expression. Statistical analyses
were completed using GraphPad (GraphPad Software Inc, San Diego, CA, USA)
and R (R Core Team, 2013). The Global Validation of Linear Models Assumptions
package was used in R (gvima; Pena and Slate, 2014).
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OH MMP: 1.3, 1.5, 12.3, 128.7 and 1,595.5 mg/L
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* Mortality (Fig. 2.2)
« Malformations (Table 2.3)
* Development (Table 2.4 and Fig. 2.3)
* Gene expression
(Table 2.6, Fig. 2.4 and Fig. 2.5)

FIGURE 2.1 Schematic representation of the experimental design of acute
exposures to monomethyl (MMP), dimethyl (DMP) and dicyclohexyl (DCHP)
phthalates in the Western clawed frog. Animals were treated from Nieuwkoop and
Faber (NF) 12 to NF46 (72 h). The experimental concentrations are presented
above and are based on results reported in table 2.2.
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TABLE 2.1 Genes of interest for the acute exposures. For each gene, primer
sequences, annealing temperature (°C), amplicon size (bp) and primer
concentrations (nM) are provided. Elongation factor 1 alpha (efla), ribosomal
protein L8 (rpl8) and beta actin (fact) were used as normalising genes. Primer
sequences were first reported by Langlois et al (2010) except steroidogenic acute
regulatory protein (star), heat shock protein 70 (hsp70), heat shock protein 90
(hsp90) and tumor protein 53 (p53), which are described in Soriano et al. (2014)
and peroxisome proliferator-activated receptor alpha (ppara) and peroxisome
proliferator-activated receptor gama (ppary), which were developed in this study.
ar: androgen receptor, cypl19: aromatase, diol: deiodinase type 1, dio2: deiodinase
type 2, dio3: deiodinase type 3, srd5a2: steroid 5 alpha reductase type 2, #rf:
thyroid hormone receptor beta.

. . Annealing Amplicon Primer
Gene Target  Primer Primer sequence ) concen-
function gene  direction 5’-3) tempeora- size tration
ture (°C) (bp) (M)
ofla F GGCAATGTGGCTGGTGATAG 62 98 150
R GCACTAATCTGTCCTGGGTGA 150
Miscella- rpl8 F CCCTCAACCATCAGGAGAGA 62 117 450
neous R TCTTTGTACCACGCAGACGA 450
F CTGCTTCTTCTTCATCATTGGA 62 88 200
Pact R TCTGGACATCTAAACCGCTCA 200
i F ATCCAACACAGCAAAGGTATTTTC 62 106 300
“ R GTAATGACTGCCCCACATTGC 300
) diol F GTAAGGACACCAACTGAGCAA 58 171 315
Thyroid R GCTGCAACCGTCACTAACAA 315
hormone dio2 F GTGTTGCCGACTTTGTGTTG 60 112 275
R CGTTCTTCTTGGTTTCTGTGCT 275
dio3 F TCGGAACTGAGGATGTGGT 60 199 175
R ATGCCCAAGGAGATGAGTG 175
ar F TGACAACAACCAACCAGACA 62 96 600
R GCCTTTGCCCACTTTACAAC 600
cyp19 F GAATCCCGTGCAGTATAACAGC 62 118 1125
Sex steroid R ACAGGTCTCCTCTTGATTCCATAG 1125
star F GAGCAGAAAGGCACAAACCC 58 105 350
R TTCCAGCCACTAAGCCTCTC 350
srd5a2 F ACCAGAAGGGAAGCACACAA 62 120 650
R CCATAAGCAGCAGGATAAGTGA 650
hsp70 F GGCCACGCTGTTACCAATGCTGTT 60 179 300
P R ACATTGCGCTCTCCTCTGGTTCCT 300
Cellular hsp90 F AGGACCAACAGATGGAGGAGGATGT 58 246 450
stress P R TGGTGAGGGTTCGGTCTTGCTT 450
p53 F GCTGCTTTGAGGTTCGTGTG 58 99 350
R TCTTCCCGTTGGGTTTCAGG 350
Trans- ppara F CAGGACACTAAGGACGCACC 58 109 300
cription R GGATGGCTCTGGCTTTCACTT 300
regulation  ppary F CGCAAACCCTTCTCCGACTT 58 90 600
R TATCGCCAAGTCGCTGTCGT 600
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2.3 Results
2.3.1 Experimental phthalate concentrations

GC-MS analyses showed that controls were either not contaminated or
contained traces of phthalates (Table 2.2). Neither BPA, MMP nor DMP degraded
significantly within 24 h. The latter suggests that animals were exposed to a
constant concentration throughout the assay. The experimental BPA concentration
(3.0 £ 0.3 mg/L) was very close from the expected value (3.4 mg/L). The lowest
MMP concentration (1.3 + 1.1 mg/L) was not statistically significant from the
water-only control, which could result from the large detection limit. The four
highest experimental MMP concentrations were lower than the nominal values, but
were statistically different from the water control (1.5, 12.3, 128.7 and 1,595.5
mg/L). Measured DMP concentrations were between 1.2 and 14.4 times lower than
nominal values. Two concentrations were significantly different from the water
control; 1.6 mg/L and 924.0 mg/L. The 9.1 mg/L and 34.1 mg/L are associated
with high SD and are therefore not significantly different from the water control.
DCHP concentrations were found to be lower than the nominal concentrations (0.3,
1.5,4.1,19.0 and 99.3 mg/L). At 1.5 mg/L, a significant 92.6% decrease in DCHP
concentration was observed, presumably due to degradation. The other treatments
did not significantly degrade within 24 h. Statistical analyses showed that 99.3
mg/L was the only treatment that statistically differed from the solvent control.
Biological endpoints mentioned below, on the contrary, clearly showed that 0.3,
1.5, 4.1 and 19.0 mg/L induced adverse health effects that were significantly
different from controls. Internal standards allowed to determine that recovery was
7.9 to 10.9% different from the expected value for BPA, 4.5 to 27.4% for MMP,
7.1t0 15.2% for DMP and 1.3 to 3.1% for DCHP.

2.3.2 Mortality

Mortality rates of all controls were below 10%, as recommended by the
American Society for Testing and Materials (1998; Fig. 2.2). Exposure to MMP
did not induce tadpole mortality, but both DMP and DCHP were significantly toxic
to frog larvae. The highest DMP treatments (9.1 mg/L, 34.1 mg/L and 924.0 mg/L)
induced 3.8%, 88.1% and 100% mortality, respectively. The three highest DCHP
concentrations also significantly induced mortality when compared to the solvent
control. All the animals from the 99.3 mg/L group died, whereas the 19.0 mg/L and
4.1 mg/L treatments lead to 94.7% and 5.5% lethality, respectively (Fisher’s exact
test; p < 0.0001 and p = 0.0022). Most of the mortality occurred between the 24"
and 48" hour of the DCHP exposure. LCsy could not be calculated for MMP, as
lethality was low within the concentration range tested (Table 2.5). DMP and
DCHP had LCss of 11.9 mg/L and 5.5 mg/L, respectively.
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2.3.3 Malformation

In our study, abnormalities were separated into malformations and
developmental delay signs. Malformation rates for the water controls were slightly
above the recommended 10% (American Society for Testing and Materials, 1998),
with a mean of 12.0%. MMP, the positive control and 0.01% v/v DMSO did not
have significant effects on malformation (Table 2.3). The malformation rate in
DCHP’s solvent control was statistically different from that of the water-only
control (36.1%). DMP concentrations ranging from 0.1 mg/L to 34.1 mg/L induced
malformation rates varying from 22.8 to 97.4% (Fisher’s exact test; p < 0.03 in all
four treatments). Edema and blistering were the most frequent type of abnormality
and were augmented in a concentration-dependent manner from 6.0 to 100%. At
34.1 mg/L, at least half of the specimens exhibited deformities such as flexure of
the tail, improperly coiled heart, improperly coiled gut and flattened/prominent
forehead. A lowest observable effect concentration (LOEC) of 0.03 mg/L was
found for DMP due to tail malformations (Table 2.5). Similarly to DMP, DCHP
was teratogenic in the 4.1-19.0 mg/L range. All of the organisms from these groups
were malformed (Fisher’s exact test; p < 0.0001 for both treatments). Edemas (up
to 100%), non-apparent heart (94.1%), absent gills (94.1%), improperly coiled guts
(79.6%) and tail flexure (82.4%) were significantly more frequent in DCHP treated
tadpoles. Edemas yielded a LOEC of 1.5 mg/L DCHP. None of the animals from
the 19.0 mg/L DCHP group exhibited malformed gut, since 100% of the guts were
severely underdeveloped (Table 2.4). DMP and DCHP had ECs, values of 3.3
mg/L and 0.5 mg/L, while Tl values were 3.6 and 11.0, respectively.

2.3.4 Development

The positive control and solvent controls did not have a significant impact
on the frequency of developmental delay signs except 0.82% v/v DMSO (Table
2.4). MMP disrupted tadpole development at 1,595.5 mg/L. At that concentration,
incomplete coiling of the gut was increased to 25.5%. In embryos, guts are first
straight and then start folding at NF42. At NF46, between 2 and 2.5 revolutions can
be observed, with a tight “S” shaped loop on the ventral side of the animal
(Nieuwkoop and Faber, 1992). Tadpoles from the highest MMP concentration
appeared to be less than one developmental stage (NF46) behind water control
animals. MMP did not affect body length in a biologically significant manner.
Contrarily to its metabolite, DMP had an important effect on tadpole development
in the 0.1 to 34.1 mg/L range. Nearly all the animals from the 9.1 and 34.1 mg/L
groups were showing at least one sign of underdevelopment (Fisher’s exact test; p
< 0.0001 in both cases). The most recurrently affected body parts were the eyes
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and cement glands. In healthy tadpoles, eyes anlagen start showing at NF20. Grey
eye cups are then observed at NF29-30. At NF32, eye cups are horse shoe shaped
and continue developing in a circular motion until both ends meet at NF35-36. At
this point, the choroid fissure is nearly closed (Nieuwkoop and Faber, 1992).
Cement glands are mucus secreting organs found under the mouth. Being attached
to a solid support enables the embryos to conserve energy and appear less obvious
to predators (reviewed in Sive and Bradley, 1996). The gland starts losing
pigments and regressing at NF43 (Nieuwkoop and Faber, 1992). Therefore, the
developmental delay signs noted in the 34.1 mg/L DMP group indicate that the
animals were approximately one developmental stage (NF45) behind water control
animals. Similarly to MMP, DMP did not disturb the mean tadpole length in a
biologically significant fashion. DCHP augmented the rate of underdeveloped
tadpoles at 4.1 and 19.0 mg/L (Fisher’s exact test; p = 0.0002 and p < 0.0001,
respectively). Since DCHP affected mainly the coiling of the gut and the regression
of the cement gland, organisms from the 4.1 mg/L treatment seemed to be three
developmental stages (NF43) behind water-only control animals (Fig. 2.3). All of
the animals from the 19.0 mg/L DCHP treatment were found to display at least one
sign of underdevelopment and bared incompletely coiled guts. In addition, no
cement glands were scored in the highest DCHP treatment due to the severity of
the development retardation, resulting in a five developmental stages delay (NF41)
when compared to water controls. The reductions in mean tadpole lengths in the
4.1 and 19.0 mg/L treatments were biologically significant (Kruskal-Wallis test, p
< 0.0001 for both treatments) and yielded a MCIG of 4.1 mg/L for DCHP (Table
2.5).
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2.3.5 Gene expression

In order to investigate possible MOAs for the aforementioned adverse
effects, gene expression analyses were conducted. MMP disrupted the expression
of ppara at 12.3 mg/L (4.8-fold increase; Kruskal-Wallis; p = 0.0090; Table 2.6
and Fig. 2.4) in a biologically significant manner. Therefore, the LOEC for MMP
is 12.3 mg/L. DMP disrupted the expression on diol; a 2.1-fold increase in mMRNA
level was observed at 9.1 mg/L DMP (one-way ANOVA; p = 0.0002). The
expression of diol was also augmented by DCHP in a dose-dependent manner
(Fig. 2.5). The latter was significant at 1.5 mg/L and 4.1 mg/L (3.4 and 4.1-fold,;
one-way ANOVA; p < 0.0001). In addition, DCHP disrupted the expression of
genes involved in the transcriptional regulation, sex steroid and cellular stress axes.
The expression of ppary was upregulated at 1.5 mg/L DCHP (1.1-fold; one-way
ANOVA; p = 0.0001). The same concentration increased transcripts levels for
cypl9 by 0.9-fold (one-way ANOVA; p < 0.0001). The two highest DCHP
concentrations upregulated star (1.0 and 0.9-fold, respectively; Kruskal-Wallis; p =
0.0040). Finally, hsp70 mRNA levels were higher at 4.1 mg/L (0.9-fold; Kruskal-
Wallis; p = 0.0009). At a concentration of 0.01% v/v, DMSO increased the
expression of star and hsp70, whereas 0.82% v/v DMSO did not induce any
change. Genes which were not disrupted in a biologically significant manner are
presented in Appendices 1, 2 and 3.
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TABLE 2.2 Experimental concentrations before and after 24 h of exposure with
Western clawed frog larvae. Data are expressed as mean + SD. Two-tailed case one
(paired) t-tests confirmed that the chemicals do not significantly degrade between
water changes. Multiple case three (unequal variance) one-tailed t-tests with the
Bonferroni corrections were performed to compare the mean of each treatment to
the water controls. Asterisks indicate statistically significant differences between
treatments and water-only controls, while the symbol i indicates statistically
significant differences between treatments and solvent controls. BPA: bisphenol A,
DCHP: dicyclohexyl phthalate, DMP: dimethyl phthalate, MMP: monomethyl
phthalate, SC: solvent control (0.82% v/v DMSOQO).

Mean experimental

Mean experimental

Mean

Nominal - - -
Chemical  concentration concentration concentration expenmen_tal
(mg/L) attimeOh after 24 h exposure concentration
(mg/L + SD) (mg/L + SD) (mg/L + SD)
BPA 3.4 32+04 2.9+0.3 3.0+0.3
0 02+0.1 0.7+0.9 0.4+0.6
0.24 19+14 0.7+04 1311
MMP 24 15+£00 1.5+£00 15+00*
24 10.8+0.8 138+1.2 123+19*
240 87.9+214 169.5+0.7 128.7 £48.7 *
2,400 1,741.5 £436.3 1,449.5 £ 214.3 1,5955+3274*
0 0.0+0.0 0.0+0.0 0.0+0.0
0.115 0.0+0.0 0.0+0.0 0.03+0.0
1.15 0.0+0.0 0.1+0.0 0.1+0.0
DMP 115 1.8+£0.0 15+£03 16+03*
38 8.2+538 10.0+10.1 9.1+6.8
115 23.7+£249 444+1.9 34.1+£18.7
1,150 916.5+23.3 939.0° 9240+21.0*
SC 0.1+0.0 0.0+0.0 0.1+0.0
0.6 05+0.1 01+ O.Ob 0.3+0.2
6 2.7%+0.0 0.2+0.0 15+14
DCHP 23 70+13 12%0.2 41+35
60 31.8+4.0 6.3+1.1 19.0+ 149
600 132.2+34.6 66.3+11.3 99.3+£435%

*No standard deviation could be calculated, as there was only one sample. "In this
treatment, significant DCHP degradation was observed.
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FIGURE 2.2 Effect of monomethyl (MMP; A), dimethyl (DMP; B) and
dicyclohexyl (DCHP; B) phthalate spiked water on mortality of Western clawed
frog larvae after 72 h exposures. Data are expressed as mean + SD. Each chemical
was tested in 6-10 replicates of 18-50 embryos. Data were analysed using Fisher’s
exact tests (p < 0.05). Asterisks indicate statistically significant differences
between treatments and water-only controls, while the symbol I indicates
statistically significant differences between treatments and solvent controls. (a) The
experimental pH was adjusted to 7.2. BPA: 3.0 mg/L bisphenol A as positive
control, C: water-only control, SC: solvent control for BPA (0.01% v/v DMSO), or
for DCHP (0.82% v/v DMSO).
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TABLE 2.3 Effect of monomethyl (MMP), dimethyl (DMP) and dicyclohexyl
(DCHP) phthalate spiked water on malformation of Western clawed frog larvae
after 72 h exposures. Data are expressed as percentage of malformed animals per
treatment. Percentage was calculated from a subset of animals randomly collected
in each treatment (n = 17-226). Data were analysed using Fisher’s exact tests (p <
0.05). Asterisks indicate statistically significant differences between treatments and
water-only controls, while the symbol f indicates statistically significant
differences between treatments and solvent controls. BPA: 3.0 mg/L bisphenol A
as positive control, C: water-only control, SC: solvent control for BPA (0.01% v/v
DMSO), or for DCHP (0.82% v/v DMSO).

Treatments Ma_lfqrmed Malformations observed (%)
(mglL) individuals 20 gl Heat  out ills  Hd&  Edema&
% (n) face blistering
BPA sC 15.2 (5) 6.1 12.1 6.1 0.0 0.0 0.0 6.1
3.0 7.2 (5) 4.3 4.3 0.0 0.0 0.0 1.4 0.0
C 12.8 (6) 8.5 10.6 21 0.0 0.0 0.0 2.1
1.3 14.3(7) 8.2 6.1 0.0 2.0 0.0 2.0 4.1
MMP 15 12.0 (6) 6.0 8.0 2.0 0.0 0.0 0.0 4.0
12.3 20.8 (10) 6.3 14.6 4.2 0.0 0.0 0.0 4.2
128.7 15.6 (7) 8.9 6.7 2.2 2.2 0.0 2.2 111
1,595.52 11.8 (6) 5.9 3.9 2.0 0.0 0.0 2.0 0.0
C 11.2 (10) 10.1 2.2 0.0 34 0.0 0.0 0.0
0.03 15.5(35) 6.6 9.3* 31 4.9 1.3 13 44
DMPb 0.1 22.8(38) * 6.6 14.4* 4.2 9.0 4.8 3.0 6.0*
1.6 27.2 (41) * 7.3 13.2* 1.3 6.6 0.0 0.0 9.3*
9.1 62.9 (141) * 5.4 56.3* 6.7* 223* 3.6 4.0 17.0*
34.1 97.4(37) * 10.5 65.8* 89.5* 579* 105* 526* 100.0*
SC 36.1 (56) * 245%* 20.6 * 10.3* 8.4 2.6 2.6 2.6
0.3 21.8(32) 6.8 1 15.0 4.8 4.1 34 0.7 34
DCHPP 15 40.0 (60) 120f  47% 7.3 5.3 4.7 0.7 333%
4.1 100.0(216)  6.5% 11.6% 79 7961 5.1 6.0 100.0 §
19.0 100.0(17) 1 235 8241 94.11% 0.0 94.1% 5.9 2941

*The experimental pH was adjusted to 7.2. "Animals from the 924.0 mg/L DMP
and 99.3 mg/L DCHP were not screened for malformations since all the animals
died.
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TABLE 2.4 Effect of monomethyl (MMP), dimethyl (DMP) and dicyclohexyl
(DCHP) phthalate spiked water on development of Western clawed frog larvae
after 72 h exposures. Signs of developmental delay are expressed as percentage of
underdeveloped animals per treatment. For each treatment, a subset of 17-226
animals was randomly collected. Data were analysed using Fisher’s exact tests (p <
0.05). Length is expressed as mean + SD. For each treatment, 17-50 embryos were
measured. Data were analysed using the Kruskal-Wallis test followed by two-tailed
Dunn's procedures with the Bonferonni correction (p < 0.05). Asterisks indicate
statistically significant differences between treatments and water-only controls,
while the symbol } indicates statistically significant differences between treatments
and solvent controls. BPA: 3.0 mg/L bisphenol A as positive control, C: water-only
control, SC: solvent control for BPA (0.01% v/v DMSO), or for DCHP (0.82% v/v
DMSO).

Signs of developmental

Underdeveloped delay observed (%)

Treatments Mean tadpole

individuals length
(mg/L) % (n) Eye Cg;;nrsgt Gut (um £ SD)
BPA SC 12.1 (4) 0.0 0.0 12.1 5,462.0 + 349.0
3.0 4.3(3) 0.0 0.0 4.3 5,499.9 + 302.4
C 6.4 (3) 21 0.0 6.4 5,427.6 + 346.6
1.3 8.2(4) 2.0 0.0 6.1 5,665.2 + 467.4 *
MMP 15 4.0(2) 0.0 0.0 4.0 5,736.2 +285.0 *
12.3 8.3(4) 0.0 0.0 8.3 5,603.2 + 325.9
128.7 0.0 (0) 0.0 0.0 0.0 5,639.9 +435.2 *
1,595.5° 255 (13) * 0.0 0.0 255* 5071.2+262.0*
C 4.5 (4) 1.1 22 22 5,668.5 +398.0
0.03 9.3(21) 22 5.8 31 5,807.0 +260.1
DMP® 0.1 222 @37)* 3.6 14.4 * 10.2* 59748 +233.2*
1.6 17.2 (26) * 2.6 11.3* 4.0 5,840.2 + 366.6 *
9.1 100.0 (224) * 27.7* 99.6 * 424*  5256.4+890.9*
34.1 97.4 (37) * 100.0 * 92.1* 44.7 * -¢
SC 27.7 (43) * 123 * 148 * 116 * 5,617.5+389.2
0.3 25.9 (38) 5.4 15.6 16.3 5,499.3 +473.2
DCHPP 15 34.7 (52) 4.71% 23.3 13.3 5,400.6 +222.2
4.1 47.2 (102) 1 6.9 3331 18.1 4,6745+3774 %
19.0 100.0 (17) 17.6 0.0 10003 3,723.1+4423 %

*The experimental pH was adjusted to 7.2. "Animals from the 924.0 mg/L DMP
and 99.3 mg/L DCHP were not measured nor screened for developmental delay
signs since all the animals died. “No animal could be measured since surviving
tadpoles were not fixed in formalin.
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TABLE 2.5 Summary of the adverse health effects of monomethyl (MMP),
dimethyl (DMP) and dicyclohexyl (DCHP) phthalates in Western clawed frog
larvae after 72 h exposures. Median effective concentrations (ECsos) were derived
from malformation results. Mean tadpole lengths were used to calculate minimum
concentrations to inhibit growth (MCIGs). LCsq: median lethal dose, LOEC: lowest
observable effect concentration, TI: teratogenic index.

. LOEC LCs ECs MCIG
Chemical (mg/L) (mg/L) (mg/L) m (mg/L)
MMP 12.3 - - - >1,595.5
DMP 0.03 11.9 3.3 3.6 >0.1
DCHP 1.5 55 0.5 11.0 4.1
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FIGURE 2.4 Effect of monomethyl phthalate (MMP) and dimethyl phthalate
(DMP) spiked water on the expression of peroxisome proliferator-activated
receptor alpha (ppara) and deiodinase type 1 (diol) in Western clawed frog larvae
after 72 h exposures. Data are presented as mean + SEM. Each treatment was
tested in 4 to 9 replicates of 10 whole embryos. Data were analysed using one-way
ANOVAs and two-sided Dunnet’s tests or Kruskal-Wallis tests and two-tailed
Dunn's procedures with the Bonferonni correction (p < 0.05). Elongation factor 1
alpha (efle) and ribosomal protein L8 (rpl8) were used as control genes to
normalise the expression of target genes. The scale of the Y axis varies among
genes. Asterisks indicate statistically significant differences between treatments
and the water-only controls. C: water-only control, SC: solvent control for BPA
(0.01% v/v DMSO).
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FIGURE 2.5 Effect of dicyclohexyl phthalate (DCHP) spiked water on the
expression of deiodinase type 1 (diol), aromatase (cypl9), steroidogenic acute
regulatory protein (star), heat shock protein 70 (hsp70) and peroxisome
proliferator-activated receptor gama (ppary) in Western clawed frog larvae after 72
h exposures. Data are presented as mean + SEM. Each treatment was tested in 4 to
9 replicates of 10 whole embryos. Data were analysed using one-way ANOVAS
and two-sided Dunnet’s tests or Kruskal-Wallis tests and two-tailed Dunn's
procedures with the Bonferonni correction (p < 0.05). Beta actin (Sact) was used as
control gene to normalise the expression of target genes. The scale of the Y axis
varies among genes. Asterisks indicate significant differences between the water-
only control and the solvent control, while the symbol } indicates statistically
significant differences between treatments and the solvent control. C: water-only
control, SC: solvent control (0.82% v/v DMSO).
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2.4 Discussion

Some phthalates from the CMP are commonly found in water bodies
(Hendriks et al., 1994; Suzuki et al., 2001; Clara et al., 2010; Zhang and Shen,
2010; Teil et al., 2007), however their effects on amphibians have not been
characterised yet. This chapter aimed at investigating the lethal and sublethal
effects of MMP, DMP and DCHP on Western clawed frog larvae. In this study, it
was demonstrated that the plasticisers DMP and DCHP are toxic to tadpoles at
relatively high concentrations. DCHP significantly induced mortality at
concentrations beyond 4.1 mg/L. This effect was comparable to the effects of other
high molecular weight phthalates such as BzBP and monodecyl phthalate in
daphnids (Jonsson and Baun, 2003). In fish and other aquatic insects, however,
BzBP was found to be more toxic than DCHP. Amphipods survivability was
affected at 0.5 mg/L BzBP (Call et al., 2001), while LCss of 0.8 and 1.5 mg/L
BzBP were reported for rainbow trout and fathead minnow (Adams et al., 1995).
At the same lethal concentrations, DCHP increased the presence of malformations
in tadpoles. Edemas were the most common abnormalities, followed by heart and
gill deformities. Similarly, studies reported that the plastic additives BPA,
tetrabromobisphenol A and phthalic acid led to edemas in African clawed frog and
zebrafish embryos (Bantle et al., 1999; Sone et al., 2004; McCormick et al., 2010).
Cardiac abnormalities were also more frequent in tadpoles treated with 15 mg/L
DBP (Lee et al., 2005). There is a greater potential for the larvae to be malformed
at sublethal concentrations when TI values are above 1.5 (Dawson et al., 1989;
Rayburn et al., 1991; Bantle et al., 1999). Since DCHP had a Tl of 11.0, it is
considered to pose a teratogenic hazard. The increases in lethality and
malformations observed in the DCHP treatments were concurrent with
augmentations in hsp70 mRNA levels. HSPs are chaperone proteins which play
essential roles in correct folding of nascent and prevention of protein aggregation.
HSPs are highly sensitive to slight stresses and are believed to be suitable early
warning indicators of cellular stress (reviewed in Gupta et al., 2010b). Transcript
levels of hsp70 were also increased with DEHP and BzBP in midges (Planell6 et
al., 2011). In addition, BzBP was found to increase hsf2 mRNA levels in rats
(Moral et al., 2007). Such proteins play major roles in regulating transcription of
hsps (reviewed in Prahlad and Morimoto, 2008). Altogether, our transcriptomics
findings suggest that DCHP induced cellular stress, which is presumably
contributing to the organismal effects reported above.
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While DCHP is more lipophilic and is believed to enter the organisms
more easily, DMP also induced mortality and abnormalities in tadpoles, but to a
lesser extent. Mortality was increased by DMP in a concentration range similar to
that reported by Adams and collaborators (1995) in fish, i.e. from 29 to 121 mg/L.
Likewise, DMP concentrations varying from 28.1 mg/L to 284 mg/L were found to
induce 50% mortality in aquatic insects (Call et al., 2001; Jonsson and Baun,
2003). In another phthalate diester study, a DBP concentration of 27.8 mg/L
induced 100% mortality in Japanese wrinkled frog tadpoles (Ohtani et al., 2000),
which is well beyond 924.0 mg/L for DMP (this present study). This data suggests
that DMP could be less toxic than DBP. At sublethal DMP concentrations,
increases in tadpole malformation were also noted. As seen with DCHP, edema
and blistering were the most frequent types of abnormality, followed by improper
coiling of the heart. The third most frequently affected body part was the tail,
unlike in DCHP treated animals. Tail deformities have been reported in zebrafish
treated with BPA (15 mg/L; Duan et al., 2008) and in Argentine common toad
embryos exposed to the herbicide paraquat (2.5 mg/L; Mussi and Calcaterra,
2010). Since DMP induced different types of abnormalities and did not
significantly affect the expression of hsp70, DMP is hypothesised to act via a
different pathway than DCHP. Other cellular stress-related genes may mediate the
embryotoxicity. For example, p53 codes for a protein that functions as a
transcription factor which triggers the inhibition of abnormal cell growth and
contributes to DNA repair (reviewed in Albrechtsen et al., 1999; and in Zilfou and
Lowe, 2009). However, the expression of p53 was not disrupted by DMP exposure.
Other genes involved in the cellular stress signaling cascade will remain to be
investigated.

Phthalates have also been shown to interfere with the male reproductive
status in vertebrates. In rats, DCHP induced endocrine-mediated effects including
reduced anogenital distance, nipple retention and prolonged preputial separation
(Yamasaki et al., 2009). Such adverse effects are thought to be mediated by
lowered T levels during the critical stage of reproductive tract differentiation
(Parks et al., 2000), which is in turn believed to be a result of decreased star
expression (Barlow et al., 2003; Lehmann et al., 2004; Thompson et al., 2004;
Borch et al., 2006; Lahousse et al., 2006; Hannas et al., 2011). In this study, the
expression of star was also altered in tadpoles. DCHP, however, led to an increase
in MRNA levels. Similarly, the transcription of this gene was stimulated in mouse
Leydig tumor cells treated with MBP (Hu et al., 2013) and in DBP treated rats
(Ryu et al., 2008). Hu et al. (2013) suggested that changes in star transcription may
result from a phthalate-induced increase in DNA binding of SF-1. SF-1 regulates
the transcription of star by binding to response elements within the star promoter
(Sandhoff et al., 1998). Other transition factors are known to regulate star
transcription. Among others, PPARY is capable of modifying the proteic expression
of StAR in mouse cell lines (Kowalewski et al., 2009). In our study, DCHP

66



increased ppary mRNA abundance. Similarly, transcription and translation of this
gene were augmented in rats treated with DEHP or DBP (Lee et al., 2007; Xu et
al., 2010). Nonetheless, DCHP increased the gene expression of star, suggesting
that cholesterol transport may be altered. Notwithstanding the fact that gonads are
absent in NF46 tadpoles, disruption of star transcription may affect latter life
events such as sex differentiation and reproduction (Mathieu-Denoncourt et al., in
preparation c).

Since PPARs are transcription factors for several other genes, their
disruption by phthalates could lead to changes in the transcription of other
important genes. In rats and humans, PPARs downregulate the expression of cypl19
(Lovekamp-Swan et al., 2003; Kwintkiewicz et al., 2010; Xu et al., 2010). In
several rodent studies, phthalates affect the reproductive axis by decreasing the
gene and protein expression and activity of CYP19 (reviewed in Mathieu-
Denoncourt et al., in preparation a). Interestingly, 1.5 mg/L DCHP increased the
expression of both ppary and cypl9, suggesting that DCHP affects the amphibian
reproductive system differently from rodents. Similarly, raises in ppary
transcription were concurrent with increased cypl9a mRNA levels in tributyltin
treated salmon (Pavlikova et al., 2010). Such disruption of cyp19 could result in
increased aromatisation. Feminisation in frogs could then result from the increased
estrogens levels (Pettersson et al., 2007; Lutz et al., 2008). DMP and its monoester,
however, did not affect the expression of cyp19.

In the present study, MMP, DMP and DCHP delayed tadpole development,
as measured by shorter body lengths and higher occurrence of developmental delay
signs. Similarly, DEHP reportedly suppressed zebrafish oocyte and medaka
embryos development (Chikae et al., 2004a; Carnevali et al., 2010). African
clawed frog tadpoles acutely exposed to 0.1 mg/L or 15 mg/L DBP also
experienced significant reductions in body lengths (Higuchi et al., 2001; Lee et al.,
2005). It is well known that amphibian development is highly dependent on THs
(reviewed in Brown and Cai, 2007). Although the thyroid gland is not functioning
in NF46 tadpoles, studies have provided evidence for TH-related gene expression,
deiodinase activity and quantification of THs during African clawed frog
embryogenesis (Morvan Dubois et al., 2006; Duarte-Guterman et al., 2010). In
order to better understand the mechanistic behind phthalate-induced developmental
delay, an investigation of TH-related gene expression was performed. Although
DMP and DCHP did not alter the expression of #f, the diesters significantly
upregulated diol. Interestingly, DCHP upregulated the expression of diol at
concentrations lower or equal to those that delay tadpole development. DIO1 can
activate THs by converting T4 to T3, but can also inactivate THs by catalysing the
two following reactions: T3 can be metabolised to the less potent T2 or T4 can be
transformed into reverse T3 and finally into T2. This suggests that phthalate
exposure can reduce the levels of active THs, thereby contributing to tadpole
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developmental delay. In addition, as both TR and PPARs heterodimerise with RXR
to regulate transcription, it is possible that a change in RXR level alter their
activity. Indeed, MBP and DBP have been shown to reduce rxry transcription in
African clawed frog tadpoles and to enhance the interactions between TR and
SMRT in a mammalian two-hybrid assay (Shen et al., 2011). SMRT is a
corepressor that facilitates the recruitment of histone deacetylases and thereby
assists nuclear receptors such as TR in the downregulation of target gene
expression (Nagy et al., 1997). This data suggests that DBP and its metabolite may
have repressed TR’s transcriptional activity by lowering RXR level. In addition,
glucocorticoids have been shown to suppress development in amphibians and
Atlantic salmons (Wright and collaborators, 1994; reviewed in Hayes, 1997;
Eriksen et al., 2006). Stress hormones promote survival, but incur costs such as
reduced growth (reviewed in Denver, 2009). Glucocorticoids are cholesterol
metabolites and the rate-limiting step in their synthesis is cholesterol transport to
the mitochondrial inner membrane by proteins such as StAR (Cherradi et al., 1997;
Tsujishita and Hurley, 2000). Although glucocorticoids were not measured in
Western clawed frog tadpoles, the increase in star transcription suggests that
DCHP may have led to augmented cholesterol transport and thus a putative raise in
glucocorticoid production. Altogether, this work suggests that phthalates inhibited
tadpole development by potentially altering the thyroid signaling pathway or by
inducing endocrine stress.

In addition, signs of developmental delay induced by DCHP were different
from those observed in DMP treatments. There was a high incidence of
underdeveloped eyes in DMP treated organisms. Imaoka and collaborators (2007)
suggested that eye abnormalities resulted from decreases in the expression of pax-6
and of the Notch-related gene esr-1. Furthermore, retinoic acid signaling could be
altered by phthalates (Dufour et al., 2003; Shen et al., 2011). RXR-TR
heterodimers are essential for eye development in amphibians. RXR ligands have
been shown to induce eye abnormalities in zebrafish and African clawed frog
embryos (Minucci et al., 1996; Minucci et al., 1997). DCHP, on the other hand,
impaired the development of the cement gland. Sive and Bradley (1996) have
suggested that orthodenticle homeobox 2 (otx2) may be responsible for cement
gland formation in African clawed frogs. Microinjections of otx2 mRNA led to the
formation of ectopic cement glands in African clawed frog embryos (Blitz and
Cho, 1995; Pannese et al., 1995). This opens additional research directions in
phthalate toxicogenomics.
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Prior to conducting the acute phthalate exposures, MMP was predicted to
be more embryotoxic than DMP and DCHP, since monoesters have been shown to
be equally or more potent than the corresponding diesters in rodents (reviewed in
Mathieu-Denoncourt et al., in preparation a). However, in the current study,
development was altered at a very high MMP concentration and the expression of
one gene only was disrupted. The increase in pparo. mRNA levels did not mediate
the expression of other target genes, but might have affected endpoints that were
not studied here. Our results demonstrated that acute Western clawed frog
exposure to MMP did not induce mortality, malformation nor disruption of most of
the studied genes. Although this finding is in contradiction with our hypothesis, it
is in agreement with the findings of Jonsson and Baun (2003). The authors showed
that MMP was less acutely toxic than DMP to daphnids. The same trend was also
observed for MEP, MBzP and MBP (Jonsson and Baun, 2003). Our findings
provide further evidence that, in aquatic species, monoesters are less toxic than
their parent compounds.

In this work, BPA was used as a positive control of endocrine disruption
since it has been shown to induce changes in the expression of sex steroid and TH-
related genes in rodent cell cultures (2.3 ng/L; Akingbemi et al., 2004b), African
clawed frog cell culture (0.2 mg/L; lwamuro et al., 2006) and tadpoles (2.3 mg/L;
Heimeier et al., 2009). Western clawed frog tadpoles may be less sensitive to BPA
than African clawed frog tadpoles. BPA’s solvent was also shown to be
inappropriate to conduct acute exposures with Western clawed frog embryos.
Although the FETAX protocol allows the use of DMSO at concentrations up to
1.1% v/v (American Society for Testing and Materials, 1998), this solvent carrier
induced malformations, which may be a result from cellular stress. A microarray
analysis performed by Sumida et al. (2011) showed that DMSO disrupted the
expression of genes related to glutathione metabolism and oxidative
phosphorylation in human and rat cells cultured in 0.1-0.8% v/v DMSO. In our
study, DMSO was used at much lower concentrations and yet induced adverse
health effects at the organismal level. In addition, DMSO increased the expression
of star and hsp70 when compared to water-only controls. However, this did not
prevent the quantification of phthalates’ effects in treated tadpoles. Reviewing the
FETAX procedure by including the Western clawed frog and by taking into
consideration its greater sensitivity to toxicants would be desirable, since there is
an increase in the use of this species in ecotoxicogenomics.
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2.5 Conclusion

This work is important since MMP, DMP and DCHP have been found in
rivers at concentrations as high as other well-characterised toxic phthalate esters
such as BzBP, DBP and DEHP (Hendriks et al., 1994; Suzuki et al., 2001; Clara et
al., 2010; Zhang and Shen, 2010). Our findings demonstrate that acute exposures to
high diester concentrations lead to mortality, malformations and developmental
delays. DCHP was found to be more potent and it affected the transcription of
several genes involved in cellular stress, reproduction and development.
Considering that MMP did not induce adverse health effects at lower
concentrations, this monoester could be considered as a replacement for toxic
plasticisers although chronic exposures should be attempted first (chapter 3).
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Chapter 3

Lethal and sublethal effects of chronic exposures to

monomethyl phthalate in Western clawed frogs
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3.1 Introduction

Phthalates are additives that render polymers flexible by reducing the glass
transition temperature (Daniels, 2009). Phthalates leach out of the polymer matrix
and are ubiquitous in the environment (Blair et al., 2009). Degradation leads to one
of the two esters being broken down to a carboxylic acid and an alcohol. Resulting
monoesters are thought to be responsible for the diester’s adverse effects (Gray et
al., 2000; Saillenfait et al., 2001; Ema, 2002; Shen et al., 2011). Both phthalate
diesters and the corresponding monoesters affect reproduction (Foster et al., 1981;
Mylchreest et al., 1998), the sex steroid axis (Lovekamp and Davis, 2001; Xu et
al., 2010) and the TH system (Shen et al., 2011). Moreover, a previous amphibian
exposure to MMP showed that this monoester could delay tadpole development
(Mathieu-Denoncourt et al., in preparation b). Taking into consideration the
scarcity of literature tackling chronic effects of phthalates on amphibians and
bearing in mind that the acute assay did not allow for a complete understanding of
the effects of MMP on later life events such as metamorphosis and reproduction,
this chapter aimed at assessing the chronic effects of MMP on Western clawed
frog.

In this study, Western clawed frog were exposed to water spiked with
MMP until completion of metamorphosis or until sexual maturity (Fig. 3.1).
Survival, malformations and sex ratios were evaluated. A series of morphological
measurements enabled to determine the chronic effect of MMP on Western clawed
frog development. Finally, the expression of sex steroid, TH, cellular stress and
transcription regulation-related genes in frog liver allowed to shed light on the
MOAs. Survivability and malformation rates were hypothesised to remain
unaffected by MMP (Mathieu-Denoncourt et al., in preparation b). Metamorphosis
was predicted to be decelerated by the positive control (BPA; Heimeier et al.,
2009) and hastened by chronic MMP exposures since phthalates were shown to
upregulate TH-related genes in tadpoles (Mathieu-Denoncourt et al., in preparation
b). Finally, BPA and MMP were expected to skew sex ratios towards females
(Kloas et al., 1999; Yokota et al., 2000; Chikae et al., 2004a; Levy et al., 2004).
Considering that PPARs are one of the proposed MOAs for phthalates’ toxicity and
considering that monoesters tend to activate PPARs (Maloney and Waxman, 1999;
Hurst and Waxman, 2003; Feige et al., 2007), MMP was hypothesised to disrupt
the expression of ppara and ppary (Xu et al., 2010).
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3.2 Materials and methods

3.2.1 Animal care and breeding

Animal care was performed as described in Mathieu-Denoncourt and
collaborators (in preparation b). Breeding was performed using three pairs of
Western clawed frog (Silurana tropicalis). Gentamycin sulphate (CAS 1405-41-0,
Fisher Scientific, Fair Lawn, New Jersey, USA) was used as antibiotic at a
concentration of 0.04 mg/L for the first three days of the experiment in order to
prevent microbial propagation.

3.2.2 Experimental design

Western clawed frog larvae were exposed to water spiked with MMP until
juvenile stage (11 w) and until adulthood (51 w) in a procedure similar to the
amphibian metamorphosis assay (AMA) and the Xenopus metamorphosis assay
(XEMA). Briefly, these assays involve the exposure of premetamorphic tadpoles to
thyroid system disrupting chemicals for 21 or 28 d. The primary endpoint is the
developmental stage to which the organisms developed at the completion of the
exposure (Opitz et al., 2005; Jagnytsch et al., 2006; United States Environmental
Protection Agency, 2009a; reviewed in Miyata and Ose, 2012). The Western
clawed frog has been shown to be a suitable species for XEMA (Mitsui et al.,
2006) and is a species suggested for the AMA (United States Environmental
Protection Agency, 2009a). In the present study, the exposures started when
healthy Western clawed frog tadpoles reached the developmental stage Nieuwkoop
and Faber 46 (NF; Nieuwkoop and Faber, 1992). MMP (98%, CAS 4376-18-5,
Acros Organics, Fair Lawn, New Jersey, USA) was dissolved in water to obtain
0.24, 24 and 240 mg/L. A positive control of endocrine disruption, 3.4 mg/L BPA
(> 99%, CAS 80-05-7, Sigma-Aldrich, St. Louis, Missouri, USA) in 0.01% v/v
DMSO (99.9%, CAS 67-68-5, Fisher, Fair Lawn, New Jersey, USA) was also
tested. A solvent control consisting of 0.01% v/v DMSO and a water-only control
were conducted. The volume of exposure varied in an attempt to maintain an
animal density of 1 g/L. Therefore, each treatment was tested in one replicate of 9
to 35 L containing 39 to 100 animals each according to the weight of the animals.
Rearing media and chemicals were completely changed three times per week. Dead
animals were removed and recorded daily. Animals were fed commercial tadpole
food (Sera Micron, Heinsberg, Germany) from NF46 to NF60, then commercial
frog food (Nasco, California, USA). Temperature and pH varied from 21.9 to 26.4
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°C and 5.3 to 8.6, respectively. The exposure was concluded at 11 w, when all of
the water-only control animals reached NF66. This stage marks the end of
metamorphosis, right after the TH climax (NF62; Yaoita and Brown, 1990;
Glennemeier and Denver, 2002; Krain and Denver, 2004; Brown and Cai, 2007).
At the completion of the juvenile exposure, 29 animals from the water-only control
and 0.24 mg/L MMP, respectively, were randomly selected for the adult exposure.
Each treatment was tested in one replicate of 9 to 60 L. Rearing media was entirely
changed three times per week. Temperature and pH varied from 22.1 to 26.8 °C
and 7.4 to 9.0, respectively. The exposures were brought to an end when animals
reached sexual maturity, at 51 w of age.

3.2.3 Water and tissue sample collection

Since test solutions were replaced three times per week, water changes
were separated by a maximum of 3 d. Media samples from the positive control and
240 mg/L MMP were aliquoted at time O and 3 d later in order to measure
experimental concentrations. Samples were conserved in dark vials at -20 °C for
later GC-MS analysis. After the completion of the exposures, animals were
sacrificed by immersion in 2% w/v ethyl 3-aminobenzoate methanesulfonate (MS-
222; 98%, CAS 886-86-2, Sigma-Aldrich, St. Louis, Missouri, USA) followed by
decapitation. Livers were sampled in both 11 w and 51 w old animals, since this
tissue plays an important role in xenobiotic detoxification. Tissues were preserved
at -80 °C until further gene expression analysis.

3.2.4 Media analysis

As experimental concentrations for 0, 0.24, 24 and 240 mg/L MMP have
been determined previously and were shown not to degrade within 24 h (Mathieu-
Denoncourt et al., in preparation b), experimental concentrations were determined
for 240 mg/L MMP and 3.4 mg/L BPA only. GC-MS was performed in Dr.
Yargeau’s Laboratory (McGill University, QC, Canada) using a Trace GC Ultra
gas chromatograph equipped with a Triplus As injector and coupled to a Polaris Q
(Thermo Fisher Scientific, Waltham, MA, USA). Internal standards (BPA: 99.9%,
CAS 80-05-7, Supelco, Sigma-Aldrich, St. Louis, Missouri, USA; MMP: 99.5%,
CAS 4376-18-5, Supelco, Sigma-Aldrich, St. Louis, Missouri, USA) allowed to
determine the precision of the method. Detection limit was 0.07 mg/L and 0.24
mg/L for BPA and MMP, respectively. Results are reported based on the
experimental concentrations determined in table 2.2.
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3.2.5 Morphological analysis

Morphological measurements were taken throughout the experiments and
at exposure completion. Each week, the number of surviving animals having
reached specific developmental stages was recorded. These stages were the
formation of hind limbs (NF52), the occurrence of front limbs (NF60), the
reduction in head width (NF62) and the resorption of the tail (NF66). A subset of
animals (n = 6-10) were measured every week; for whole body length from NF46
to NF66 and then for snout-to-vent length following NF66. Body length was used
to determine the MCIG. Before sacrificing the animals, snout-to-vent length, hind
limb length and interocular distance were measured using a digital caliper (Fisher
Scientific, Fair Lawn, New Jersey, USA) to the nearest 0.1 mm. Body weight and
liver weight were obtained during dissections with a Pioneer scale (£ 0.1 mg;
Ohaus, Pine Brook, New Jersey, USA). Animals were observed for malformations.
Phenotypical sex determination was assessed with gross morphology under a
dissecting microscope (Stereomaster, Fisher Scientific, Fair Lawn, New Jersey,
USA). Sex was assessed based on the size of the gonads, presence of oviducts or
sperm ducts, texture of the gonads and presence of eggs. Sex was confirmed
following triple-blinded analysis using pictures of the gonads (Sony DSC-W35,
Konan Minato, Tokyo, Japan).

3.2.6 Gene expression

Gene expression analysis was performed on livers of 11 w and 51 w old
animals, as described in Mathieu-Denoncourt et al. (in preparation b). Since gender
was hypothesised to affect the expression of sex steroid-related genes in sexually
mature frogs, gene expression analysis was completed on male and female livers of
the 51 w assay separately. Each treatment was tested in 4-10 replicates of one liver.
RNA was extracted with TRIzol (Ambion RNA, Life Technologies, Invitrogen,
Carlsbad, CA, USA). Transcriptional changes were investigated using a gPCR
approach. Efficiency and R* were kept between 80.0-132.6% and 0.868-1.000,
respectively. The specific forward and reverse primers of the genes of interests are
presented in Table 2.1. The chronic effects of MMP on the gene expression of
diol, cypl9 and srd5a2 were not investigated. Since certain housekeeping genes
changed among treatments, the two chronic experiments were normalised to a
different housekeeping gene. Transcript levels from the 11 w assay were
normalised to the quantified relative expression of ribosomal protein L8 (rpl8),
while results from the adult exposure were normalised to ornithine decarboxylase
(odc), as their expression did not significantly change amongst treatments. The
forward primer sequence for odc was 5’-TGAATGATGGCGTGTATGGA-3’ and
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the reverse sequence was 5’-GTCCCCAAATGCTGCTTG-3’. The annealing
temperature for odc was 62 °C, while its amplicon size and primer concentration
were 120 bp and 150 nM, respectively.

3.2.7 Statistical analysis

In order to determine if test chemicals significantly degraded between
water changes, two-tailed case one (paired) t-tests were performed for 240 mg/L
MMP and 3.4 mg/L BPA. Experimental concentrations determined for the chronic
exposures were also compared to the concentrations reported in the previous
chapter using two-tailed case three (unequal variance) t-tests. The p-values were
adjusted with the Bonferroni correction. Survival, malformation and developmental
stages were analysed using Fisher’s exact test. Normality and homoscedasticity
were assessed using Lilliefors tests and Levene tests. Developmental data from the
11 w exposure was analysed with parametric and non-parametric tests. Body
weight and liver weight were Log;, transformed, but non-transformed data are
presented in tables. Body weight, liver weight and snout-to-vent length were
analysed using one-way ANOVAs. Comparison between treatments was completed
with two-sided Dunnet’s tests. Since body length data was not normally
distributed, a two-way ANOVA with time as a second variable could not be
performed as suggested by Aluru et al. (2010). Therefore, body length data was
analysed separately for each week using Kruskal-Wallis tests. Hind limb length
and interocular distance were also analysed using Kruskal-Wallis tests. The latter
was followed by two-tailed Dunn’s procedures with the Bonferroni correction.
Development results from the adult exposure were analysed using F-tests and case
two (equal variance) two-tailed t-tests. Sex ratios from both chronic exposures
were analysed using Pearson’s chi squared test with Yates' continuity correction.
Square root, Log;, and natural Log transformations were performed on gene
expression results that were not normally distributed. Significant changes in gene
expression data were investigated with one-way ANOVAs with two-sided
Dunnet’s tests (11 w) or Tukey’s tests (51 w), or with Kruskal-Wallis tests
followed by two-tailed Dunn’s procedures with the Bonferroni correction. For all
comparisons, p-values of less than 0.05 were considered statistically significant.
Calculations were completed both with GraphPad (GraphPad Software Inc, San
Diego, CA, USA) and R (R Core Team, 2013). The Global Validation of Linear
Models Assumptions package was used in R (gvima; Pena and Slate, 2014).
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MMP: 1.3, 12.3 and 128.7 mg/L

Juvenile exposure — 11 w

» Survival (Fig. 3.2)

» Malformations

» Development (Fig. 3.3, Fig. 3.4A and Table 3.2)
» Sexratios (Fig. 3.5)

» Gene expression (Table 3.3 and Fig. 3.6)

MMP: 1.3 mg/L

Adult exposure — 51 w

» Survival

» Malformations

» Development (Fig. 3.4B)

» Sex ratios

» Gene expression (Table 3.3 and Fig. 3.6)

FIGURE 3.1 Schematic representation of the experimental design of chronic
juvenile and adult exposures to monomethyl phthalate (MMP) in the Western
clawed frog. Animals were treated from NF46 to NF66 (11 w), or from NF46 to
sexual maturity (51 w). For consistency, concentrations shown above are
experimental and were determined in Mathieu-Denoncourt and collaborators (in
preparation b).
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3.3 Results

3.3.1 Experimental phthalate concentrations

Statistical analyses showed that MMP and BPA did not significantly
degrade within 3 d (Table 3.1), suggesting that animals were exposed to constant
chemical concentrations throughout the assays. The mean experimental value for
the 240 mg/L group was similar to the expected value i.e. 234.3 mg/L. The
experimental BPA concentration (1.4 mg/L) was about 2.4 times lower than the
nominal value. Internal standards indicated that recovery was 6 to 15.6% different
from the expected value for MMP and 7.9 to 10.9% different for BPA.
Experimental concentrations measured in samples from the chronic exposures did
not significantly differ from concentrations determined in the acute assays.
Therefore, the experimental concentrations presented in Table 2.2 were used
throughout the manuscript to ensure consistency.

3.3.2 Survival and malformation

In the juvenile exposure, all three tested MMP concentrations significantly
decreased survivability (Fig. 3.2). MMP reduced survival by 22.2 to 31.0%. In
addition, the positive control also induced lethality in juveniles. The lowest
survival rate was 66.7% and was observed at 3.0 mg/L BPA. No additional
mortality occurred between week 11 and the end of the adult exposure (data not
shown). Neither 11 w nor 51 w experiments significantly induced malformations
(data not shown).

3.3.3 Development

Juvenile exposures to MMP hastened Western clawed frog development.
Animals from 128.7 mg/L group reached NF52 before water control animals,
which was significant at week 5 (Fig. 3.3A). All three MMP treatments increased
the occurrence of NF60 on weeks 4 to 6 when compared to the water control (Fig.
3.3B). All of the animals from the 128.7 mg/L group displayed front limbs at week
7, while only 64.8% of water-only control juveniles were at NF60 at that time
(Fisher’s exact test; p < 0.0001). Similarly, all four MMP groups reached NF62
significantly faster than controls on weeks 5 to 7 (Fig. 3.3C). On the 8" week,
heads of all of the animals from the highest MMP concentrations were narrower
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than the trunks, whereas only 68.1% of water control juveniles had reached this
stage (NF62; Fisher’s exact test; p < 0.0001). The same trend was observed with
NF66 on weeks 6 to 8 (Fig. 3.3D). The entire 128.7 mg/L MMP treatment
completed metamorphosis within 9 w, while animals from the water-only control
completely metamorphosed within 11 w. The second group to be entirely
metamorphosed was the positive control, on week 10. Generally, BPA had a
favorable effect on development; animals from the positive control reached NF60,
NF62 and NF66 before the solvent control. In addition, DMSO decelerated the
onset of those same three developmental stages when compared to the water-only
control.

Morphological measurements were significantly affected by juvenile
exposure to MMP. A significant reduction in body length was found at the highest
MMP concentration on week 7 (55.7% reduction; Kruskal-Wallis; p = 0.003; Fig.
3.4A). At exposure completion, mean snout-to-vent length and mean hind limb
length were found to be increased at 128.7 mg/L when compared to the water-only
control (5.7% and 9.8% increase; Table 3.2). BPA along with its solvent control
increased mean liver weight in juveniles by 38% and 32.1%, respectively, when
compared to the water control. Western clawed frog body length (Fig. 3.4B) and
other morphological measurements were not affected by the adult exposure (data
not shown).

3.3.4 Sex ratios

Juvenile exposure to MMP significantly altered phenotypical sex ratios
(Fig. 3.5). MMP skewed sex ratios towards males in a concentration-dependent
manner. The respective male to female ratios were 13:28 for the water-only
control, 17:23 for the lowest MMP concentration, 21:19 for 12.3 mg/L MMP,
27:13 for the highest phthalate concentration, 10:10 for the solvent control and
5:15 for the positive control. The trend was significant at 128.7 mg/L with 67.5%
males (Pearson’s chi squared test; p = 0.0027). Adult exposure to 1.3 mg/L MMP
did not affect sex ratios (data not shown). A male to female ratio of 13:16 was
observed in the water control, whereas a ratio of 11:18 was obtained from the 1.3
mg/L MMP group. None of the treatments induced intersex.
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3.3.5 Gene expression

While juvenile exposure to MMP did not significantly affect gene
expression in livers, adult exposures disrupted the expression of one gene (Table
3.3). A statistically significant difference in the expression hsp70 was observed
between control males and treated males (0.4-fold; one-way ANOVA; p = 0.0041;
Fig. 3.6). Genes that were not significantly affected are presented in Appendices 4
and 5.
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TABLE 3.1 Experimental concentrations before and after 3 d of exposure with
Western clawed frogs. Media analysis was performed on the positive control and
the 240 mg/L monomethyl phthalate (MMP) treatments only. Two-tailed case one
(paired) t-tests confirmed that the chemicals do not significantly degrade between
water changes. Experimental concentrations were compared with those from the
acute exposures (case three two-tailed t-tests). Since there is no significant
difference between the two data sets, concentrations presented in Table 2.2 were
used throughout the manuscript to ensure consistency. Data are expressed as mean
+ SD. BPA: bisphenol A.

Mean

Mean

. - - Mean
Nominal experimental experimental -
. - Data . . experimental
Chemical concentration concentration concentration -
set - concentration
(mg/L) attime 0 after exposure (Mg/L + SD)
(mg/L + SD) (mg/L * SD) gL =
24h 32104 29+03 3.0x03
BPA 34 3d 22+12 0.7+0.0 14+11
24h 879+214 169.5+0.7 128.7 +48.7
MMP 240 3d 2145+41.7 254.0+171.1 234.3+£104.2
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FIGURE 3.2 Effect of monomethyl phthalate (MMP) spiked water on survival of
Western clawed frogs after an 11 w exposure. Data are expressed as percentage.
Each treatment contained 39 to 100 animals. Data were analysed using Fisher’s
exact tests (p < 0.05). Asterisks indicate statistically significant differences
between treatments and the water-only control while the symbol { indicates a
statistically significant difference between the positive control and the solvent
control. BPA: 3.0 mg/L bisphenol A as positive control, C: water-only control, SC:
solvent control for BPA (0.01% v/v DMSO).
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FIGURE 3.4 Effect of monomethyl phthalate (MMP) spiked water on Western
clawed frog body length after (A) an 11 w and (B) a 51 w exposure. Data are
expressed as mean. Every week, between 6 and 10 animals were measured from
mouth to tail (NF46-NF66) and or from snout-to-vent (NF66 and on). Each week
was analysed separately using (A) Kruskal-Wallis test and two-tailed Dunn’s
procedures with the Bonferroni corrections or (B) with F-tests and case two (equal
variance) two-tailed t-tests. The box indicates a statistically significant difference
between the highest MMP concentration and the water-only control. BPA: 3.0
mg/L bisphenol A as positive control, C: water-only control, SC: solvent control
for BPA (0.01% v/v DMSO).
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TABLE 3.2 Effect of monomethyl phthalate (MMP) spiked water on Western
clawed frog morphological measurements after an 11 w exposure. Data are
expressed as mean + SD. The measurements were obtained from 26 to 76 animals
per treatment. Body weight and liver weight were Log;, transformed. Snout-to-vent
length (SVL), body weight and liver weight data were analysed using one-way
ANOVA, Tukey’s test and two-sided Dunnet’s tests (p < 0.05). Hind limb length
and interocular distance were analysed with Kruskal-Wallis tests and two-tailed
Dunn’s procedures with the Bonferroni corrections. Asterisks indicate statistically
significant differences between treatments and the water-only control. BPA: 3.0
mg/L bisphenol A as positive control, C: water-only control, SC: solvent control

for BPA (0.01% v/v DMSO).

Mean

Treatments Mean SVL Mean hind interocular Mean_ body Mear) liver
(mg/L) (mm + SD) limb length distance weight weight

- (mm £ SD) (mm + SD) (mg + SD) (mg £ SD)

BPA SC 214+21 176+438 58+3.0 1266.3 £295.5 358+9.6*
3.0 221+22 19.9+27 45+04 1266.6 +410.8 374+141*

C 21.0+19 184+29 50+1.9 1137.4 £322.3 27.1+11.4

MMP 1.3 216+19 18.9+2.0 45+0.2 1184.5 £ 297.3 275+10.8
12.3 215+21 19.3+3.3 47+15 1205.8 £ 337.9 30.4+£115

1287 222+19* 202+20* 44+04 1233.1+333.1 27.6+£10.4
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FIGURE 3.5 Effect of monomethyl phthalate (MMP) spiked water on Western
clawed frog sex ratios after an 11 w exposure. Data are expressed as percentage of
male and female per treatment. Sex ratios were determined from 20 to 41 animals
per treatment. Data were analysed with Pearson’s chi squared test (p < 0.05). The
asterisk indicates a statistically significant difference between 128.7 mg/L MMP
and the water-only control. BPA: 3.0 mg/L bisphenol A as positive control, C:
water-only control, SC: solvent control for BPA (0.01% v/v DMSO).
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TABLE 3.3 Summary of the effect of monomethyl phthalate (MMP) spiked water
on the expression of thyroid hormone, sex steroid, cellular stress and transcription
regulation-related genes in Western clawed frog livers after juvenile and adult
exposures. The significant result is presented below with the fold change and an
arrow representing the direction of the change. Each treatment was tested in 4 to 10
replicates of one liver. Square root, Log;, and natural Log transformations were
performed on certain genes. Data were analysed using one-way ANOVAs, two-
sided Dunnet’s tests (11 w), Tukey’s tests (51 w), or Kruskal-Wallis tests and two-
tailed Dunn's procedures with the Bonferonni correction (p < 0.05). Ornithine
decarboxylase (odc) and ribosomal protein L8 (rpl8) were used as housekeeping
genes to normalise the expression of target genes. ar: androgen receptor, BPA: 3.0
mg/L bisphenol A as positive control, dio2: deiodinase type 2, dio3: deiodinase
type 3, hsp70: heat shock protein 70, hsp90: heat shock protein 90, p53: tumor
protein 53, ppara: peroxisome proliferator-activated receptor alpha, ppary:
peroxisome proliferator-activated receptor gama, SC: solvent control for BPA
(0.01% v/v DMSO), star: steroidogenic acute regulatory protein, ¢f: thyroid
hormone receptor beta.

Treatments Thyroid hormone Sex steroid Cellular stress Transcrl[_)tlon
(mg/L) _ _ regulation
trp dio2 dio3 ar star hsp70 hsp90 p53 ppara ppary
BPA SC - - - - - - - - - -
11w 3.0
13
MMP 15
11w 12.3
128.7 - - - - - -
MMP 1.3 Male - - - - - V0.4

51w 1.3 Female
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FIGURE 3.6 Effect of monomethyl phthalate (MMP) spiked water on the
expression of heat shock protein 70 (hsp70) in Western clawed frogs after a 51 w
exposure. Data are represented as mean + SEM. Each treatment was tested in 4 to
10 replicates of one liver. Data were analysed using one-way ANOVAs and
Tukey’s tests (p < 0.05). Ornithine decarboxylase (odc) was used as control gene to
normalise the expression of target genes. The asterisk indicates a statistically
significant differences between treated and water-only control males.
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3.4 Discussion

Phthalates have been shown to affect later life events such as reproduction
in mammals (Higuchi et al., 2003; Tyl et al., 2004; Noriega et al., 2009; Yamasaki
et al., 2009; Frederiksen et al., 2012; Giribabu et al., 2012). However, there is a
critical lack of data on the chronic effects of phthalates in amphibians. In this
study, Western clawed frog tadpoles were chronically exposed to MMP until
metamorphosis completion or until sexual maturity in an attempt to investigate the
lethal and sublethal effects of the monoester. The entire range of MMP
concentrations reduced survival in juveniles. Similarly, African clawed frog
juvenile survival was affected in 5 week and 12 week exposures to DBP (Higuchi
et al., 2001; Lee and Veermachaneni, 2005). In order to decipher the mechanistic
behind the observed lethality, an investigation of cellular stress-related gene
expression was carried out. Although mRNA levels for the genes investigated in
this study did not significantly change among treatments, other genes from the
cellular stress axis could be involved in the decreased survival. Oxidative stress,
for example, could result from the activation of PPARa by MMP (Hurst and
Waxman, 2003). The expression of ppara, however, was not disrupted by MMP in
our study. In rat testes, phthalate-induced oxidative stress has been observed and
has led to apoptosis (Kasahara et al., 2002). In addition, Craig and collaborators
(2013) reported that DBP disrupted the expression of apoptosis-related genes such
as BH3-interacting domain death agonist (bid) and B cell leukemia/lymphoma 2
(bcl2) in mouse ovarian follicles. Investigating the effects of MMP on genes from
the apoptotic pathway and from the oxidative stress axis such as, gpx, sod and cat
could allow for a better understanding of the decreased survival. In adult Western
clawed frogs, survival was not affected by MMP and a slight decrease in hsp70
MRNA levels was observed. This change in gene expression may have affected
endpoints that were not investigated here.

Amphibian metamorphosis disturbance is a sensitive means of screening
for thyroid axis disruption (Degitz et al., 2005). Early development in amphibians
is divided into three periods according to the functional state of the thyroid system.
Premetamorphosis ends when the thyroid gland becomes functional and is
followed by the prometamorphosis. A series of TH-dependent morphological
changes occur during this second period, the most obvious being the formation of
hind and fore limbs (Yaoita and Brown, 1990; Nieuwkoop and Faber, 1992;
reviewed in Brown and Cai, 2007). Thirdly, metamorphosis corresponds to the TH
climax and is marked by TH-dependent resorption of the tail and gills.
Metamorphosis is complete at NF66, when the animals resemble a small frog
(aoita and Brown, 1990; Nieuwkoop and Faber, 1992; Veldhoen et al., 2002;
reviewed in Brown and Cai, 2007). Literature suggests that phthalates delay
metamorphosis in aquatic species (Dumpert and Zietz, 1984; Shen et al., 2011;
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Zhou et al., 2011a) possibly by inducing epigenetic alterations in 74 (Shen et al.,
2011). Contrarily, MMP urged metamorphosis in Western clawed frogs as seen by
the hastening of developmental stages corresponding to prometamorphosis and
metamorphosis. The latter suggest that the monoester acts on the TH axis.
Interestingly, the expression of TH-related genes was not disrupted by MMP in
juveniles. Perhaps MMP affected other aspects of the TH axis, such as iodide
uptake (Wenzel et al., 2005). In addition to THSs, the timing of metamorphosis has
been suggested to be controlled by glucocorticoids. Among others, corticoids
potentiate the actions of THs by increasing the conversion of T4 to T3 (reviewed in
Hayes, 1997) and by enhancing the binding of T3 to TR in African clawed frogs
and bullfrogs (Suzuki and Kikuyama, 1983; Gray and Janssens, 1990). In
metamorphosing frogs, corticosterone levels raise concurrent with the THs increase
(Glennemeier and Denver, 2002) and tail resorption results from the synergism
between corticoids and THs (Frieden and Naile, 1955; Kikuyama et al., 1983;
Krain and Denver, 2004; Bonett et al., 2010). These lines of evidence suggest that
glucocorticoids, along with TH, can regulate the timing of metamorphosis in
anurans. Glucocorticoid-induced hastened metamorphosis may be an attempt to
help frogs escape the phthalate-contaminated pond and avoid lethality (Denver,
2009). Altogether, our data suggests that MMP may have accelerated amphibian
metamorphosis by affecting the stress and TH axes. This opens new research
directions for MOAs of phthalates in amphibians.

During the postmetamorphic period, GH synthesis is enhanced and is
regulating amphibian growth (Takahashi et al., 1992). As a result, the animals
grow in size, but morphology is not affected (Kikuyama et al., 1984). Genes from
the GH axis were shown to be disrupted in rats treated with DBP (Bowman et al.,
2005). Although the effects of MMP on GH-related genes were not investigated in
our study, the monoester is not believed to have affected the GH axis. Indeed,
morphological measurements were not affected in adults. Similarly, the
disturbances of juvenile development are believed to be the results of accelerated
metamorphosis, as opposed to an increase in GH. The decrease in body length
observed at week 7 and the increases in snout-to-vent length and hind limb length
at exposure completion are likely due to the hastened metamorphosis. Animals
treated with phthalate reached NF66 prematurely, lost their tail and saw their body
length decrease earlier than water control animals. After being fully
metamorphosed, these animals started the GH-regulated developmental period
before controls, leading to greater morphological measurements. It is speculated
that MMP did not affect the GH axis.
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Our results show that Western clawed frog metamorphosis was also
disrupted by the positive control. According to a study by Heimeier et al. (2009),
BPA inhibited the T3-induced gut remodeling and downregulated T3-response
genes in NF54 African clawed frog tadpoles. Interestingly, the present study shows
that the positive control enhanced amphibian metamorphosis without disrupting the
expression of TH-related genes. Therefore, BPA might have affected amphibian
development through the disruption of another axis. Sex steroids for example, have
the capacity to regulate anuran metamorphosis (reviewed in Hayes, 1997).
Interestingly, the apogee of amphibian sex steroid binding protein synthesis
coincides with metamorphosis in salamanders (Martin and Collenot, 1975), thus
suggesting that bioavailability of sex steroids changes during this important period
of development. In the common toad, E1 enhanced metamorphosis, as seen by a
reduction in body length (Frieden and Naile, 1955). In addition, BPA was shown to
increase E1 concentrations in human cell cultures (Zhang et al., 2011) and urinary
BPA levels were positively correlated with E1 levels in humans (Kim et al., 2014).
Therefore, BPA is thought to have accelerated Western clawed frog metamorphosis
via a putative disruption of the sex steroid axis. Such disarray of the reproductive
axis could have repercussions at the organismal level, by affecting sexual
differentiation for example.

Gonadal development in anurans has been proposed as a valuable model to
evaluate the physiological outcome of exposure to (anti)estrogenic and
(anti)androgenic compounds (Kloas and Lutz, 2006). Unlike mammals, amphibian
sex differentiation does not depend solely on the genome. The influence of
hormones, temperature and food availability can prevail over genotypical sex
determination (reviewed in Hayes, 1998; and in Eggert, 2004). Sex differentiation
takes place between NF49 and NF52 (Nieuwkoop and Faber, 1992; Miyata et al.,
1999; Hu et al., 2008). When Western clawed frogs were exposed to MMP during
this sensitive time window, the phthalate irreversibly skewed sex ratios towards
males. To the best of the author’s knowledge, only two studies investigated the
effects of phthalates on sex ratios in vertebrates. In Chikae et al. (2004b), 0.01
pg/L DEHP induced more male phenotypes in a non-significant manner in medaka
fry, whereas 0.01 pg/L DEHP significantly skewed sex ratios towards females in
medaka embryos (Chikae et al., 2004a). Such feminisation was proposed to be
mediated by CYP19 (Andrade et al., 2006). Literature suggests that phthalates
decrease the activity of this enzyme (Andrade et al., 2006; Noda et al., 2007) and
that other nonsteroidal CYP19 inhibitors induce male sex determination in lizards,
turtles, chickens and salmon (Elbrecht and Smith, 1992; Piferrer et al., 1994;
Wibbels and Crews, 1994). The CYP19 inhibitor fadrozole also masculinised
treated Western clawed frogs (Duarte-Guterman et al., 2009; Olmstead et al.,
2009). The effect of MMP on cypl9 transcription could not be investigated, as
cypl9 mRNA is not detected in African clawed frog liver. The effect of MMP on
CYP19 activity remains to be elucidated.
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At the tested concentration, BPA was not expected to induce mortality nor
malformations (Mathieu-Denoncourt et al., in preparation b). However, BPA
reduced survival by 27% compared to its solvent control. BPA was chosen as a
positive control of endocrine disruption and was expected to disrupt sex ratios
towards females, as observed in medaka (1.8 mg/L; Yokota et al., 2000) and
African clawed frogs (0.2 mg/L; Kloas et al., 1999;Levy et al., 2004). The
plasticiser did not significantly affect sex ratios nor disrupt expression of sex
steroid-related genes. Perhaps a higher BPA concentration or E2 would be more
appropriate positive controls when working with Western clawed frogs. Although
BPA’s solvent increased liver weight possibly due to enzyme induction (reviewed
in Maronpot et al., 2010) and delayed metamorphosis, DMSO seemed suitable for
chronic amphibian assays since gene expression was not altered.

3.5 Conclusion

Since acute assays with amphibians did not assess the consequences of
toxicants on later life events, the aim of this chapter was to investigate the chronic
effects of MMP on Western clawed frogs throughout the life cycle. Taken
altogether, our results showed that MMP induced slight mortality and that all
surviving animals metamorphosed. Frogs exhibited normal physiology and were
healthy, as indicated by the lack of malformations and transcriptional disruption.
Considering that sex ratios were skewed at a high concentration, MMP may be a
good candidate for replacement of other toxic phthalates such as BzBP, DBP and
DEHP. Our study demonstrates that life cycle analyses are highly important in
ecotoxicology. Sensitivity seemed to vary with age, as indicated by the survival
results. In addition, if morphological measurements had been taken at exposure
completion only, the acceleration of metamorphosis by MMP may have gone
undetected. Selecting endpoints throughout the development allowed us to detect
subtle effects on metamorphosis. This study was the first to explore the chronic
effects and MOAs of phthalates in amphibians.
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Chapter 4

General discussion and conclusions
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4.1 Ecological significance of the results

The CMP has highlighted the paucity of data pertaining to compounds
such as DMP and DCHP. In addition, although the effects of phthalates on
mammals have been characterised, more research efforts are needed to determine
their consequences on aquatic species. In the previous chapters, Western clawed
frogs were exposed to phthalates from embryogenesis until organogenesis.
Tadpoles were then chronically exposed to a monoester until metamorphosis or
sexual maturity. This chapter attempts to elucidate the ecological significance of
our study by comparing the results from the acute and chronic exposures.
Recommendations pertaining to current regulations, prevailing animal protocols
and research directions are also presented.

In our study, phthalate diesters were found to be toxic to tadpoles. Acute
exposures to DMP and DCHP resulted in significant mortality. Surviving animals
were often malformed, underdeveloped, or experienced altered gene expression. A
principle of ecology states that four characteristics determine population size: age
structure, survival rate, fecundity and sex ratio (Nunney, 1991). We have
demonstrated that acute exposures to phthalate diesters reduced survival rate and
decelerated tadpole development, which could thereby alter age structure.
Consequently, our results suggest that phthalate diesters could be harmful to
amphibian populations. The LOECs for DMP and DCHP, however, are two to
three orders of magnitude greater than the highest reported concentrations in water
bodies (Teil et al., 2007; Zhang and Shen, 2010). The tested diesters are therefore
not believed to pose a hazard to early life stages of Western clawed frog in current
environmental settings.

Contrarily to the diesters, MMP exposures had minute impacts in tadpoles.
In juveniles, the monoester induced moderate mortality and prompted
metamorphosis at concentrations four orders of magnitude higher than reported
environmental concentrations (Suzuki et al., 2001). At the end of the life cycle,
surviving Western clawed frogs had normal physiology and did not exhibit
organismal or molecular signs of stress. In addition, sex ratios were skewed at a
concentration well beyond reported environmental contamination. It is therefore
unlikely that MMP would threaten amphibian populations in the environment.
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4.2 Recommendations for Environment Canada and Health Canada

The use of DEHP, DBP, BzBP, DINP, DIDP and DNOP in soft vinyl toys
or child care articles has been regulated in the European Union since 2005 and in
the United States since 2008. Such consumer products cannot contain more than
1000 mg/kg of phthalate (European Union, 2006; United States, 2008). In 2009,
Canada harmonised its phthalate legislation with those in effect in the United
States and the European Union (Canadian Ministry of Justice, 2010), but Canada’s
policies are outdated when it comes to other consumer products. For example,
DEHP is the only phthalate to have been prohibited in cosmetics (Canadian
Ministry of Justice, 1999), whereas DBP, DEHP, BzBP, DPeP, diisopentyl
phthalate, n-pentyl-isopentyl phthalate and bis(2-methoxyethyl) phthalate are
banned from European cosmetics (European Union, 1976). In Canada, phthalates
are not proscribed from food-contact plastics unlike in Europe (European Union,
2011). Similarly, there is no limit as to how much phthalate can be found in
Canadian drinking water while American drinking water cannot contain more than
0.006 mg/L DEHP (United States, 2002). Canada could offer the same level of
safety as foreign countries by adopting similar legislations and by continuing to be
a leader in toxicant risk assessment (i.e. the CMP; Canada Gazette, 2013). The
Canadian government could also encourage the replacement of phthalates by
adipates, since the latter were shown to be much less toxic in rats and fish (Singh et
al., 1973; Felder et al., 1986; Dalgaard et al., 2003). In addition, citric acid esters
were found not to leach as easily as phthalates and are relatively nontoxic to rats
and cats (Finkelstein and Gold, 1959; Nara et al., 2009). Implementing new
legislation and employing alternatives would protect Canadians and ultimately the
environment.

4.3 Recommendations pertaining to current protocols

On top of varying among chemicals and within doses, the pattern of
responses observed in our study varied amongst ages. We found that MMP-
induced mortality was highly dependent on age; the monoester was not toxic to
embryos nor mature frogs, but significantly decreased survival in juveniles. Other
toxicological studies found that juveniles were more sensitive to phthalates than
adults. In male rats exposed to DEHP, weights of androgen-dependent organs and
immune parameters were affected at lower doses in juveniles than in adults (Tonk
et al., 2012). Likewise, in a soil-dwelling collembolan study, juvenile mortality has
been shown to occur at DBP concentrations 10 times lower than concentrations
inducing mortality in adults. The authors suggested that this effect was due to the
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larger surface to volume ratio of juveniles, leading to higher phthalate uptake
(Jensen et al., 2001). In our study, Western clawed frogs were exposed to MMP
through different routes: direct exposure via the gills, diffusion through the skin
and ingestion of MMP dissolved in water or sorbed to particulates. The hypothesis
put forward by Jensen et al. (2001) could apply to our study as well; Western
clawed frog juveniles could absorb higher amounts of MMP than adults since they
have gills and a higher surface to volume ratio. Comparing MMP bioaccumulation
in juvenile and adult tissues could help elucidate the increased mortality observed
in juveniles. The influence of age on our mortality results demonstrates the
importance of life cycle analyses. In addition, investigating the expression of sex
steroid-related genes in tadpoles did not predict the effects on sexual differentiation
in juveniles. It is therefore important to conduct chronic exposures and to evaluate
the effects of a chemical at every stage of development.

Another noteworthy aspect of our survival results is that lower
concentrations induced lower survival rates in juveniles, creating a non-monotonic
dose-response curve. DCHP also induced non-monotonic response curves for star,
cypl9 and ppary mRNA levels in tadpoles. For example, animals from the 1.5
mg/L DCHP treatment showed higher transcripts levels than animals from the
higher concentration group. The latter is the concentration at which mortality,
malformations and development began to be significantly affected. Surviving
tadpoles that were sampled for gene expression analysis therefore had a different
physiology and seemed to be more resistant to DCHP, which could potentially
explain the lower mRNA levels. Although this type of non-monotonic curve
corroborates with effects induced by endogenous hormones (reviewed in
Calabrese, 2001) and other EDCs (Giesy et al., 2000; Oehlmann et al., 2000; Gray
et al., 2001; Andrade et al., 2006), current protocols are not designed for this sort
of response. Thresholds such as LCsgs, for example, are calculated with linear
regressions. Reviewing the methods for calculating thresholds and widening the
range of tested concentrations would be desirable in order to properly assess the
effects of a toxicant.

Finally, gene expression analysis showed that DMSO induced cellular
stress at concentrations below the recommended threshold (American Society for
Testing and Materials, 1998). In the FETAX protocol, the solvent
recommendations are based on only one study which assessed tadpole toxicity via
mortality, malformation, growth inhibition and microsomal aminopyrine
demethylase activity (Fort et al., 1989). The use of DMSO in our study showed the
importance of assessing biomolecular endpoints in toxicology. Therefore, the
current protocols should be revised in order to suggest more suitable solvents and
to recommend the investigation of sensitive molecular endpoints in future
toxicological studies.
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4.4 Future research directions

Future research directions include the investigation of the chronic effects
of DMP and DCHP on Western clawed frogs. In addition, assessing the effects of
phthalates on oocyte and sperm production would be interesting considering that
sexual differentiation was altered by MMP. Although we analysed the expression
of genes belonging to several axes, clear MOAs remain to be elucidated. Hence,
the binding and activation of amphibian PPARs by phthalates could be studied.
Measuring the expression of genes from the oxidative stress, apoptosis and
endocrine stress pathways may also enable a better understanding of the MOAs of
phthalates. The latter will be accomplished shortly by microarray analysis
(Mathieu-Denoncourt et al., in preparation b).

4.5 Conclusion

Overall, our results indicate that larvae, juveniles and adult frogs respond
differently to phthalates. At environmentally relevant concentrations however,
phthalates are not likely to induce adverse health effects in amphibian populations.
Replacing phthalates by other plasticisers such as adipates or citric acid esters and
limiting the use of phthalates would reduce the risk of amphibian toxicity
encounter.
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5. Summary

In summary, polymer flexibility and elasticity is enhanced by plasticisers.
However, plasticisers are often not covalently bound to plastics and thus leach
from products into the environment. A lot of research efforts focused on their
effects in mammals, but data on aquatic species is lacking. In chapter 2, Western
clawed frog larvae were acutely exposed to water spiked with MMP, DMP and
DCHP for 72 h. The diesters induced toxicity and cellular stress, as seen by larval
mortality, malformation and the upregulation of a cellular stress-related gene. DMP
and DCHP also hindered tadpole development and altered the expression of diol.
MMP had a slight effect on development at 1,595.5 mg/L. In chapter 3,
premetamorphic tadpoles were exposed to MMP for 11 or 51 weeks. The
monoester induced mortality at all concentrations in juveniles. MMP also hastened
metamorphosis and skewed sex ratios. Adult exposure to MMP did not have
significant adverse health effects. This is the first complete investigation of the
effects of phthalates in a frog species which encompasses the entire life cycle of
the organisms. This study provided valuable data to the CMP that will help better
assess and manage the risk of the production and use of phthalates.
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Appendix 1 — Genes that were not disrupted by MMP acute exposures in a
biologically significant manner
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FIGURE Al.1 Effect of monomethyl phthalate (MMP) spiked water on the gene
expression in Western clawed frog larvae after 72 h exposures. Data are presented
as mean £ SEM. Each treatment was tested in 4 to 9 replicates of 10 whole
embryos. Data were analysed using one-way ANOVAS and two-sided Dunnet’s
tests or Kruskal-Wallis tests and two-tailed Dunn’s procedures with the Bonferonni
correction (p < 0.05). Elongation factor 1 alpha (ef7a) was used as control gene to
normalise the expression of target genes. The scale of the Y axis varies among
genes. Asterisks indicate statistically significant differences between treatments
and the water-only controls, while boxes indicate biologically significant results.
C: water-only control, SC: solvent control for BPA (0.01% v/v DMSO).
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FIGURE Al.2 Effect of monomethyl phthalate (MMP) spiked water on the gene
expression in Western clawed frog larvae after 72 h exposures. Data are presented
as mean £ SEM. Each treatment was tested in 4 to 9 replicates of 10 whole
embryos. Data were analysed using one-way ANOVAs and two-sided Dunnet’s
tests or Kruskal-Wallis tests and two-tailed Dunn'’s procedures with the Bonferonni
correction (p < 0.05). Elongation factor 1 alpha (ef7«) was used as control gene to
normalise the expression of target genes. The scale of the Y axis varies among
genes. Asterisks indicate statistically significant differences between treatments
and the water-only controls, while boxes indicate biologically significant results.
C: water-only control, SC: solvent control for BPA (0.01% v/v DMSO).
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FIGURE ALl.3 Effect of monomethyl phthalate (MMP) spiked water on the gene
expression in Western clawed frog larvae after 72 h exposures. Data are presented
as mean £ SEM. Each treatment was tested in 4 to 9 replicates of 10 whole
embryos. Data were analysed using one-way ANOVAs and two-sided Dunnet’s
tests or Kruskal-Wallis tests and two-tailed Dunn's procedures with the Bonferonni
correction (p < 0.05). Elongation factor 1 alpha (ef7c) was used as control gene to
normalise the expression of target genes. The scale of the Y axis varies among
genes. Asterisks indicate statistically significant differences between treatments
and the water-only controls, while boxes indicate biologically significant results.
C: water-only control, SC: solvent control for BPA (0.01% v/v DMSO).
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Appendix 2 — Genes that were not disrupted by DMP acute exposures in a
biologically significant manner
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FIGURE A2.1 Effect of dimethyl phthalate (DMP) spiked water on the gene
expression in Western clawed frog larvae after 72 h exposures. Data are presented
as mean £ SEM. Each treatment was tested in 4 to 9 replicates of 10 whole
embryos. Data were analysed using one-way ANOVAs and two-sided Dunnet’s
tests or Kruskal-Wallis tests and two-tailed Dunn’s procedures with the Bonferonni
correction (p < 0.05). Elongation factor 1 alpha (ef/a) and ribosomal protein L8
(rpl8) were used as control genes to normalise the expression of target genes. The
scale of the Y axis varies among genes. Asterisks indicate statistically significant
differences between treatments and the water-only controls. C: water-only control.
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FIGURE A2.2 Effect of dimethyl phthalate (DMP) spiked water on the gene
expression in Western clawed frog larvae after 72 h exposures. Data are presented
as mean £ SEM. Each treatment was tested in 4 to 9 replicates of 10 whole
embryos. Data were analysed using one-way ANOVAs and two-sided Dunnet’s
tests or Kruskal-Wallis tests and two-tailed Dunn’s procedures with the Bonferonni
correction (p < 0.05). Elongation factor 1 alpha (ef/a) and ribosomal protein L8
(rpl8) were used as control genes to normalise the expression of target genes. The
scale of the Y axis varies among genes. Asterisks indicate statistically significant
differences between treatments and the water-only controls. C: water-only control.
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FIGURE A2.3 Effect of dimethyl phthalate (DMP) spiked water on the gene
expression in Western clawed frog larvae after 72 h exposures. Data are presented
as mean £ SEM. Each treatment was tested in 4 to 9 replicates of 10 whole
embryos. Data were analysed using one-way ANOVAs and two-sided Dunnet’s
tests or Kruskal-Wallis tests and two-tailed Dunn'’s procedures with the Bonferonni
correction (p < 0.05). Elongation factor 1 alpha (ef7/a) and ribosomal protein L8
(rpl8) were used as control genes to normalise the expression of target genes. The
scale of the Y axis varies among genes. Asterisks indicate statistically significant
differences between treatments and the water-only controls. C: water-only control.
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Appendix 3 — Genes that were not disrupted by DCHP acute exposures in a
biologically significant manner
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FIGURE A3.1 Effect of dicyclohexyl phthalate (DCHP) spiked water on the gene
expression in Western clawed frog larvae after 72 h exposures. Data are presented
as mean * SEM. Each treatment was tested in 4 to 9 replicates of 10 whole
embryos. Data were analysed using one-way ANOVAS and two-sided Dunnet’s
tests or Kruskal-Wallis tests and two-tailed Dunn's procedures with the Bonferonni
correction (p < 0.05). Beta actin (Bact) was used as control gene to normalise the
expression of target genes. The scale of the Y axis varies among genes. Asterisks
indicate statistically significant differences between the solvent control and the
water-only control, while the symbol § indicates statistically significant differences
between treatments and the solvent control. C: water-only control, SC: solvent
control (0.82% v/v DMSO).
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FIGURE A3.2 Effect of dicyclohexyl phthalate (DCHP) spiked water on the gene
expression in Western clawed frog larvae after 72 h exposures. Data are presented
as mean £+ SEM. Each treatment was tested in 4 to 9 replicates of 10 whole
embryos. Data were analysed using one-way ANOVAS and two-sided Dunnet’s
tests or Kruskal-Wallis tests and two-tailed Dunn's procedures with the Bonferonni
correction (p < 0.05). Beta actin (Bact) was used as control gene to normalise the
expression of target genes. The scale of the Y axis varies among genes. Asterisks
indicate statistically significant differences between the solvent control and the
water-only control, while the symbol } indicates statistically significant differences
between treatments and the solvent control. C: water-only control, SC: solvent
control (0.82% v/v DMSO).
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Appendix 4 — Genes that were not disrupted by the juvenile exposure to MMP

rpl8 1:40 ,, , dio3 ,

2.4

C 1.3 1.5 12.3 1287 sC BPA v C 1.3 1.5 12.3 128.7 sC BPA

trg e . ar

Relative mRNA levels/rpl8

C 1.3 1.5 12.3 1287 sC BPA C 1.3 1.5 12.3 128.7 sC BPA

dio2 32 ' star ,,

1.6 H

0.8 '

0.0
C 1.3 1.5 12.3 1287 sC BPA C 1.3 1.5 12.3 128.7 sC BPA

MMP (mg/L)

FIGURE AA4.1 Effect of monomethyl phthalate (MMP) spiked water on the gene
expression in Western clawed frogs after 11 w exposures. Data are presented as
mean = SEM. Each treatment was tested in 4 to 10 replicates of one liver. Data
were analysed using one-way ANOVAs and Tukey’s tests (p < 0.05). Ribosomal
protein L8 (rpl8) was used as control gene to normalise the expression of target
genes.
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FIGURE A4.2 Effect of monomethyl phthalate (MMP) spiked water on the gene
expression in Western clawed frogs after 11 w exposures. Data are presented as
mean = SEM. Each treatment was tested in 4 to 10 replicates of one liver. Data
were analysed using one-way ANOVAs and Tukey’s tests (p < 0.05). Ribosomal
protein L8 (rpl8) was used as control gene to normalise the expression of target

genes.
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Appendix 5 — Genes that were not disrupted by the adult exposure to MMP
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FIGURE A5.1 Effect of monomethyl phthalate (MMP) spiked water on the gene
expression in Western clawed frogs after 51 w exposures. Data are presented as
mean + SEM. Each treatment was tested in 4 to 10 replicates of one liver. Data
were analysed using one-way ANOVAs and Tukey’s tests (p < 0.05). Ornithine
decarboxylase (odc) was used as control gene to normalise the expression of target
genes.
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FIGURE A5.2 Effect of monomethyl phthalate (MMP) spiked water on the gene
expression in Western clawed frogs after 51 w exposures. Data are presented as
mean = SEM. Each treatment was tested in 4 to 10 replicates of one liver. Data
were analysed using one-way ANOVAs and Tukey’s tests (p < 0.05). Ornithine
decarboxylase (odc) was used as control gene to normalise the expression of target
genes.
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